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Abstract
This thesis addresses the interactions and relationships between natural
aquatic bacterial communities, environmental parameters, anthropogenic
chemicals and the denitrification pathway in the habitat of agricultural
constructed wetlands. The main aim was to gain fundamental knowledge of the
drivers behind the processes of the denitrification (i.e. nitrogen removal) in
constructed wetlands, hence, the structure and function of the denitrifying
bacterial community as efficient nitrogen removal in wetlands will decrease the
risk of eutrophication of freshwaters and oceans. Programmes for restoring and
recreating wetlands in agricultural areas have been initiated throughout the
world. Aquatic environments in these areas are also exposed to pollution from
e.g. pesticides, in fact, wetland are also constructed with the purpose of reducing
transport of pesticides. However, little is known whether the wetland may fulfil
both purposes simultaneously. Hence, may constructed wetlands maintain a high
denitrification efficiency even during pesticide exposure?
Both structure and function of the eubacterial and the denitrifying bacterial
communities were analysed, but focus has been put on the denitrifying bacteria.
Structural endpoints of the bacterial communities, as diversity and heterogeneity
were analysed using molecular fingerprinting. Potential denitrification and
leucine incorporation (i.e. bacterial growth) were measured as functional
endpoints, when assessing the effects of pesticide exposure on constructed
wetland bacterial communities. These structural and functional endpoints were
measured without any treatments as well as measured after pesticide exposure.
The results showed that structural endpoints of eubacterial (16S rRNA
gene) and denitrifying bacterial community (nirK, nirS and nosZ) varied between
the studied constructed wetlands, and their communities were influenced by
environmental parameters. The enzyme gene nirS showed higher community
heterogeneity than both nirK and nosZ, while the enzyme gene nirK had the
highest diversity based on structure and richness. Exposure to environmental
concentrations of pesticides affected structure (16S rRNA gene but not nosZ) and
function (potential denitrification rate) of the constructed wetland bacterial
community, however there were few indications of direct toxic effects. Using
leucine incorporation as an endpoint of bacterial activity and growth community
was a quicker and more sensitive method to detect toxicity of fungicides
exposure on bacterial communities than measuring potential denitrification, and
clear concentration-response relationships were easily generated that could be
standardized for community level risk assessments of pesticide exposure to
aquatic environments.

1. Introduction
Intensive use of fertilizers and pesticides on agricultural fields may expose
nearby water-resources and oceans to an excess of nutrients and pesticides from
runoff and drift. This may cause an increased risk for algal blooms, oxygen
depletion and/or toxic effects on non-target organisms, and alter the function of
aquatic ecosystems. This problem is of global concern as agricultural land use
has increased during the last century, and during the last two decades the
agricultural production per square meter has also increased due to increasing use
of fertilizers and pesticides.
One action to prevent further transport of nitrogen (N) and pesticides has
been to restore and recreate wetlands (Stadmark and Leonardson, 2005; Thiere et
al., 2009), most often close to agricultural practices, which are considered point
sources of pollution. Large scale programmes have started throughout the world
with the aims to reduce transport of redundant nutrients and pesticide leakage to
freshwater systems and oceans. Sweden has started an ongoing project, to
achieve a national environmental goal concerning N-removal, constructions of
12 000 ha wetlands (from year 2000 until 2010) (Swedish Board of Agriculture,
2000). Similar wetland projects have started in North America, where they are to
construct about 28 000 ha of wetlands (Farm Service Agency, 2004).
Although, constructed wetlands in general reduce the nitrogen transport,
the efficiency with which individual wetlands remove nitrogen (mainly through
denitrification) varies greatly and has been associated with e.g. incoming
nitrogen load and amount of available carbon (Fleischer et al., 1994; Weisner et
al., 1994; Lin et al., 2002). However, the task of associating denitrification (i.e.
the functional bacterial trait of N-removal in wetlands) with the structure of the
denitrifying bacterial community (i.e. the key players in N-removal) is as of yet
unresolved (Philippot and Hallin, 2005). Knowledge of the structure and function
of the bacterial communities can be used to increase the efficiency of energy
being transferred to higher trophic levels, decrease nutrient transport to
eutrophied ecosystems and increase the efficiency of bioremediation in polluted
ecosystems (Torsvik et al., 2002; Lovely, 2003: Bell et al., 2005). Hence,
understanding the relationship between the structure and function of the
denitrifying bacterial community may potentially be used to increase N-removal
efficiency of constructed wetlands.
In addition, influence from environmental parameters and pesticide
exposure on the structure and function of bacterial communities has to be
considered when analysing agricultural constructed wetlands due to the high risk
of pesticide exposure. Thus, the challenge is to construct efficient N-removal
wetlands, which will maintain the same N-removal efficiency during pesticide
exposure and/or changed environmental condition. The aim of my thesis was to
provide a starting point to this challenge by describing variation and composition
of denitrifying bacterial communities in constructed wetlands, and the influence
of environmental parameters and pesticides on the structure and function of these
communities.

1.1. Constructed wetlands
Surface waters in general, and natural wetlands (e.g. swamp, marsh and
bog) in particular have frequently been converted into arable land through
drainage measures, which has resulted in a loss of up to 90% of wetland areas in
the intensively cultivated regions of Europe and North America (e.g. Hoffmann
et al., 2000; Mitsch and Gosselink, 2000; Biggs et al., 2005). The loss of the
natural wetlands, has led to a reduced ability of these habitats to function as
efficient water cleaning systems. Construction of new wetlands is therefore an
attempt to try to restore the natural balance within the agricultural ecosystems.
The constructed wetlands have, in contrast to the majority of natural
wetlands, an open water surface. Their appearances are therefore identical to
ponds or small lakes, but they are in general more shallow (mean depth of ≤ 1m),
which enables plant growth. Plant growth generates available organic carbon,
which is the energy source of the denitrifying bacteria. Except carbon, the
denitrifying bacterial community requires nitrate (i.e. the starting product in
denitrification), and an anaerobic environment, since the denitrifying bacterial
community is facultative anaerobic, to be able to denitrify (Hallin and Lindgren,
1999).
It has been shown that constructed wetlands may sustain and promote
heterogeneous communities of both plants and macroinvertebrates (Thiere et al.,
2009). These results suggest that the environment of constructed wetlands should
provide a variety of different carbon sources to the bacterial communities, but
also a variety of predators. Bacterial communities in constructed wetlands have
recently begun to receive attention (Sundberg et al., 2007) but have not as of yet
been analysed to the same extent as in soils (e.g. Trobäck et al., 2004), marine
systems (e.g. Braker et al., 2001) and lakes (e.g. Lindström, 2000). In order to
link their structure to function, it has to be recognised what kind of bacterial
communities, especially denitrifying bacteria, we may find in the habitats of
constructed wetlands
1.2. Denitrification
Denitrification, which represents one part of the N-removal process,
reduces nitrate (NO3 ) to dinitrogen (N2). Denitrification is the limiting process of
nitrogen removal in the agricultural constructed wetlands, since most nitrogen
enters the system in the form of NO3 (Bachand and Horne, 2000; Seitzinger et
al., 2006). The N-cycle includes many more steps of N transformation, e.g.
nitrification, nitrogen fixation, dissimilatory nitrate reduction and anammox (Fig
1), but in this thesis the focus will be put on denitrification. The overall aim of
the work in this thesis is to gain such knowledge, which with added future
research may be applied to reduce the excess of bioavailable NO3 and transform
it to N2 (i.e. increasing the N-removal efficiency) (Fig 1). N2 is a stable gaseous

form and much less bioavailable in comparison to the other compounds of
nitrogen.
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Figure 1. Constructed wetland with the different N-transformations. The white box
represents the water column and the grey the sediment column of a constructed wetland.
Wetland inflow of nitrate and ammonium is indicated from the left, and wetland outflow
of nitrate is indicated to the right. Denitrification, NO3 to N2, is the limiting process in
these habitat systems, and the process this thesis will focus on. The question marks and
the two different sizes of the NO3 and N2 indicate that the amount varies between
constructed wetlands, and if efficient denitrification may be achieved in these systems the
transport of NO3 will decrease, and as a result, decrease the risk of eutrophication of
other freshwaters and oceans. Many fundamental processes are addressed in this thesis,
including influence from environmental parameters, regarding wetlands morphology,
water chemistry and wetland biota (details in paper I), and agricultural pesticides on
structure and function of the bacterial communities in the wetlands.

The ability to denitrify is a facultative trait spread among a wide variety of
taxonomic groups (Zumft, 1997; Braker et al., 1998; Hallin and Lindgren, 1999).
In this thesis the denitrifying bacterial community is analysed. The denitrifying
bacterial community is a widespread functional bacterial group, which can be
found in α-, β-, γ-, ε-Proteobacteria, gram-positive bacteria, Bacteroides,
Firmicutes and Actinobacteria (Enwall, 2008). Through denitrification, the
nitrogen is transported out of the wetlands as molecular nitrogen and this process
is catalysed by different enzymes (Fig 2) encoded by the denitrifying bacteria
(Bothe et al., 2007). The first step in denitrification is the nitrate reduction
catalysed by nitrate reductase (encoded by nar/nap), which reduces nitrate (NO3 )
to nitrite (NO2 ). Then the nitrite reduction catalysed by nitrite reductase
(encoded by nir) which reduces NO2 to nitric oxide (NO), followed by the nitric
oxide reduction catalysed by the nitric reductase (encoded by nor/qnor) reduces
NO to nitrous oxide (N2O). The final step is the nitrous oxide reduction catalysed

by nitrous oxide reductase (encoded by nos), which reduces N2O to dinitrogen
(N2) (Fig 2). The second step in the pathway where nitrite is reduced to nitric
oxide by nitrite reductase (nir) is exclusively executed by the denitrifying
bacterial community opposite the first step (nar/nap) in the pathway (Hallin and
Lindgren, 1999). Two different nitrite reductase genes are known, the nirK
product, which contains copper, and the nirS product, which contains
cytochrome cd1 (Braker et al., 1998). The two genes seem to occur mutually in a
given strain, but both types have been found in different strains of the same
species (Coyne et al., 1989). For example, Hallin and Lindgren (1999) found Cunir fragment in Paracoccus denitrificans Pd1222, which also can carry cd1-nir
fragment. The enzyme gene nirS has been found to be more widely distributed
than nirK in aquatic and soil systems (Braker et al., 1998; Throbäck et al., 2004).
Moreover, since we are interested in obtaining N2 as the final denitrification
product, rather than the green-house gas N2O, the nitrous oxide reductase (nosZ)
is of special importance. In general, denitrifying bacteria possesses some, but not
all the functional enzyme genes (Zumft, 1997). Hence, individual denitrifying
bacteria may catalyse only certain steps of the denitrification pathway. In
addition, a denitrifying bacterial species, which possess one or several enzyme
genes, may not express all the denitrifying bacterial enzyme genes
simultaneously (Philippot and Hallin, 2005). Moreover, the community size of
the denitrifying bacterial community (represented by the nirK and nosZ) has
been shown to constitute around 5-6% of the total eubacterial 16S rRNA gene
community (Henry et al., 2006). However, information of the denitrifying
bacterial enzyme genes is limited and their structure and function remain to be
discovered.

NO3−

NO2−

NO

N2O

Nitrate
reductase

Nitrite
reductase

Nitric
reductase

narG, napA

nirK, nirS

norB, qnorB

N2
Nitrous oxide
reductase
nosZ

Figure 2. The denitrification pathway and the denitrifying bacterial enzyme genes.
Different enzyme reductases catalyses each step and are encoded by different enzyme
genes. In this thesis the enzyme genes nirK, nirS and nosZ will be analysed (marked in
bold).

2. Biogeography of Bacterial Communities
So far, most studies on denitrification efficiency in constructed wetlands
have focused on biotic and abiotic parameters in relation to functional
measurements of denitrification (Weisner et al., 1994; Bachand and Horne, 2000;
Torsvik et al., 2002; Reche et al., 2005; Beisner et al., 2006), and examination of
the key players in the process, namely the denitrifying bacterial community, have
been largely neglected. Therefore our knowledge regarding N-removal efficiency
is limited, and fundamental research of the denitrifying bacterial community has
to be established before we can link structure to function. The bacterial
community, found in the domains of Bacteria and Archaea constitutes the most
abundant species on earth (Kennedy, 1999; Torsvik et al., 2002), but the majority
of their diversity and biogeography is not thoroughly investigated (Martiny et al.,
2006). Biogeography aims to answer which bacterial species can be found in a
certain environment, at what abundance, and why. Some first attempts should
therefore be made to analyse the biogeography of denitrifying bacterial
communities in agricultural constructed wetlands.
2.1. Theories of bacterial biogeography
World wide abundance of the bacteria and their microscopic size has given
rise to the theory that ‘everything is everywhere, but the environment selects’
(Baas-Becking, 1934). This theory states that almost all the global microbial
species are present at any local site (pool of species) and ‘waits’ for the right
environmental conditions to increase their population size. Support for this
theory has been given by Finlay and Clark (1999), who argued that flagellates
(genus Paraphysomonas) probably are ubiquitous. However, it can also be
argued that it takes a long time for rare or cryptic species to reach a detectable
level using present molecular tools (Langenheder, 2005), and as a result the
Baas-Becking (1934) theory cannot be falsified or rejected.
Recently, novel theories have started to be developed and tested, which are
based on theories and empirical from the macroorganism community (Martiny et
al., 2006). The theories include that there may be specific factors, which
determine why, in which environment, and at what abundance we can find
certain community composition of microbial communities, hence, their
biogeography. The specific factors are divided in two major groups,
environmental factors and geographical factors (Martiny et al., 2006; Logue and
Lindström, 2008). The theories state that either environmental or geographical
factors, or factors from both groups determine the biogeography of bacteria. The
bacterial community composition has been shown to change with environmental
parameters (Hewson et al., 2003; Hewson et al., 2007; Langenheder and Prosser,
2008), and with geographic distance (Lindström and Leskinen, 2002;
Langenheder and Ragnarsson, 2007). The major difference between the theories
is that the novel theories exclude the possibility that ‘everything is everywhere’
and focuses more on developing the last part ‘selection driven exclusively by

environment’. Thus, knowledge of the bacterial biogeography may lead to the
ability to predict bacterial responses to environmental changes and fluctuations
(Green et al., 2008).
2.2. Community ecology of bacteria
During the last decade the use of cultivation independent molecular
methods has improved, and allowed us to analyse the ‘hidden’ biodiversity of the
bacterial communities. More important, the molecular methods have allowed us
to analyse bacteria on community level as a complement to cultivation methods
of single species (Brandt et al., 2004). Analysis of single bacterial species can
provide important information on the direct response to different disturbances
and pollution. However, bacterial single species analysis will not include realistic
environmental stochastic effects such as, competition, predation, nutrient supply
and many more food-web interactions, as analyses on a bacterial community
level are capable of. Hence, it is therefore difficult to extrapolate results from
analysis of single bacterial species to the scale of a bacterial community level,
and further to the scale of an ecosystem level (Standing et al., 2007). It is
important to emphasize that approaches of both single species and community
composition analyses are needed to enhance the understanding of structure and
function of bacterial communities (Dahllöf, 2002).
Another aspect that may be gained by community level analysis is the
functional redundancy of bacterial species, which is a functional trait shared
between different bacterial species. Resilience of bacterial communities can be
estimated from how long time it takes for a bacterial community to recover and
return to its original condition after being disturbed by e.g. pesticides. A longlived theory states that increased biodiversity leads to a more stable ecosystem
functioning due to an increased potential of resilience (McNaughton, 1977). It
has also been suggested that the bacterial resilience is a useful indicator of
ecosystem functioning, hence, with increasing quality of the examined habitat the
functional redundancy of bacterial communities increased (Yin et al., 2000).
Recently, it has been shown that the recovery times for bacterial
communities responsible for N turnover e.g. denitrification, after exposure to
toxic substances may be long (Sundbäck et al., 2007). They argued that it was
due to low functional redundancy and high sensitivity. However, a more
heterogeneous denitrifying bacterial community may have a higher possibility to
recover and sustain the denitrification rate than a more homogeneous community
after disturbances. Nevertheless, it has been discussed that the potential of
bacterial resilience may be lost after repeated exposures of disturbances
(Sundbäck et al., 2007). Thus, a heterogeneous bacterial community may recover
faster due to a higher capacity of resilience than a more homogeneous one.
However, repeated disturbances, e.g. pesticide exposures, may lead to a
decreased ability of bacterial communities to recover.

2.3. Variation in natural denitrifying bacterial community compositions
If a heterogeneous or homogeneous denitrifying bacterial community may
support differently efficient denitrification in agricultural constructed wetlands is
unknown. It is also unknown whether the composition of the denitrifying
bacterial community varies between the wetland systems. Different
environmental conditions and different bacterial species in the constructed
wetlands may explain why there could be variation in the bacterial community
composition and thereby a varied ecosystem functioning. Different species may
use slightly different resources, and certain bacterial species may play a more
important role (Loreau and Hector, 2001). Thus, if there is variation of the
denitrifying bacterial community composition between the studied habitats that
may be an essential factor that could explain the functional differences of
constructed wetlands.
Previous studies on the variation of the denitrifying bacterial enzyme genes
are difficult to compare with my studies because different molecular methods
have been applied, and usually only one or two of the enzyme genes have been
investigated. Most often the diversity has been calculated by using results from
the molecular fingerprinting structure, richness and/or intensity analyses. In
general, the diversity of nirK has shown to be marginally higher than nirS, and
the diversity for nosZ has been lower than for both nirK and nirS (review by
Wallenstein et al., 2006). More specifically, communities of nirK have
previously been shown to be more diverse than the nirS and nosZ counterparts in
soils (Avrahami et al., 2002; Throbäck et al., 2004; Bremer et al., 2007), whereas
greater diversity has been noted for nirS than for nirK in marsh soil (Priemé et
al., 2002) and marine sediments (Braker et al., 2000).
The heterogeneity of each denitrifying bacterial enzyme gene has been
evaluated by constructing phylogenetic trees based on the similarities between
investigated sequences and known bacterial sequences obtained from GeneBank
(i.e. database with both known and unknown DNA sequences of bacterial
species). The level of heterogeneity is evaluated by measuring the closeness of
the investigated sequences to known partial bacterial nucleotide sequences from
GeneBank. If the sequences cluster close to many different members of the
known denitrifying bacteria the enzyme gene is evaluated as heterogeneous (see
paper II for a more thorough description). Overall, members of the αProteobacteria showed to be dominant and represent the majority of clusters in
phylogenetic trees of the denitrifying bacterial enzyme genes, followed by
members of the β-Proteobacteria, and thereafter by members of the γProteobacteria (Braker et al., 2000; Avrahami et al., 2002; Priemé et al., 2002;
Throbäck et al., 2004; Bremer et al., 2007). In arable soil systems the enzyme
gene nirS was shown to be heterogeneous by clustering close to members of α-,
β- and γ- Proteobacteria, while nirK and nosZ only clustered close to α- and βProteobacteria (Throbäck et al., 2004). Similar studies of phylogenetic trees on
the denitrifying bacterial enzyme genes from a municipal waste-water treatment
plant showed that members of β-Proteobacteria represented the majority of the

clusters (Heylen et al., 2006). In a more recent investigation with the same wastewater treatment plant samples as in Heylen et al. (2006), the enzyme gene nirK
clustered more often with members of α-Proteobacteria, while the nirS clustered
more often to members of β-Proteobacteria (Heylen et al., 2007). These results
suggest that heterogeneity of the denitrifying bacterial enzyme genes may differ
depending on environmental conditions (e.g. closed system vs environmental
systems). Hence, samples from waste-water treatment plant systems have more
controlled conditions and less of stochastic effects from e.g. fluctuation of
environmental parameters. Both the diversity and the heterogeneity of the
denitrifying bacterial enzyme genes (community composition and DNA
sequences) may be important to analyse to further link their community variation
to denitrification efficiency.

3. Agricultural Pesticides
In areas of intensive agriculture practice, aquatic environments are exposed
to agricultural pesticides, which are regularly detected in surface waters in these
areas (Kreuger et al., 1999; Haarstad and Braskerud, 2005). Although many
pesticides have designated target organisms, due to specific modes of action, they
may have more general toxic effects on non-target organisms, including
microorganisms (Pell et al., 1998; Johnsen et al., 2001; DeLorenzo et al., 2001).
The three largest groups of pesticides that are used worldwide are insecticides,
herbicides and fungicides. They have different modes of action depending on
their target organism, but generally insecticides disturb or inhibit processes in the
nervous system. Herbicides often disturb or inhibit respiration processes, while
fungicides can disturb or inhibit processes in the cell membrane (Stenersen,
2004).
Environmental concentrations of different pesticides have previously been
shown to affect the structure and/or function of bacterial communities in aquatic
habitats (Widenfalk et al., 2004; Widenfalk et al., 2008). Thus, potential effects
of pesticide exposure on bacterial communities in agricultural constructed
wetlands should be analysed since they may alter wetland function (i.e.
denitrification efficiency).
3.1. Single species test vs community level test
There is a lack of studies on the interactions between pesticide exposure
and bacterial structure and function, as most aquatic toxicity assessments are
performed on zooplankton, macroinvertebrates and/or fish. In addition, the
majority of toxicity assessments on bacterial communities are performed by
using pure cultures of single species, which is the ISO standard (e.g. 11348-3,
Water quality—Determination of the inhibitory effect of water samples on the
light emission of Vibrio fischeri, luminescent bacteria test), or on extracted

bacteria without their natural matrixes (Christensen et al., 2006; Park and Choi,
2008), as recommended by authorities controlling pesticide registration.
Although still not routinely performed, bacterial toxicity testing on a community
level provides an attractive alternative to single-species bacterial toxicity tests,
and the advantages of testing natural assemblages of microorganisms in
microcosm experiments has been advocated (Brandt et al., 2004; Sundbäck et al.,
2007; Widenfalk et al., 2008).
Consequently, there exists some inconsistency as to which methods to use
and which matrix to analyse when performing toxicity assessment on bacterial
communities in aquatic habitats. Test on the community level of bacteria should
therefore serve as a complementary analysis since results using single bacterial
species are difficult to extrapolate to potential effects on a bacterial community
level. Thus, proper methods for environmental risk assessments of exposure from
agricultural pesticide towards bacterial communities in aquatic environments
should be determined and standardised. Hence, if insensitive or too sensitive
methods are used for toxicity assessments there is a risk that the effects from
pesticides on bacterial communities will be under- or overestimated, respectively.
3.2. Exposure and concentration-response relationships in assessments
Recommended pesticide application is chosen so that the active
ingredient(s) of a pesticide will affect their target organisms but have negligible
effects on non-target organisms (Crommentuijn et al., 2000). Several previous
toxicity assessments have therefore analysed environmental concentrations of
different pesticides (Widenfalk et al., 2004; Widenfalk et al., 2008; Van den
Brink et al., 2009). The highest concentrations used in those studies have been
100 times or 1000 times the maximum permissible concentration (MPC), where
MPC is a maximum pesticide concentration of what is permitted to apply onto a
given area. It is important to emphasize that the MPC concentration of a pesticide
should not be harmful to non-target organisms in the ecosystem (Crommentijun
et al., 2000). Detection of pesticide concentration in the environment has often
exceeded the MPC, but the concentrations have not surpassed 100 times the MPC
(Kreuger, 1998; Kreuger et al., 1999). It has therefore been argued that
concentration-response relationships of pesticides exposure on bacterial
communities have little environmental relevance (Widenfalk et al., 2004).
Environmental concentrations of pesticides are useful when examining
possible direct and indirect effects on non-target organisms, e.g. exposure on
bacterial communities. In addition, environmental concentrations may be used to
study the effects between organism interactions and from possible stochastic
effects in a natural environment. However, to compare and evaluate different risk
assessment methods by using few environmental concentrations of a pesticide
would be difficult, due to failure in detecting a toxic effect (Fig 3), and
establishing concentration-response relationships would also avoid spurious
negative effects (Fig 3). To determine accurate effect concentration (EC) of
pesticide on non-target organisms, a concentration-response dilution series is also

Bacterial response

3a

EC50

guiding
MPC/100
value/100

40,00

guiding
MPC value
guiding value x
MPC*100
100

10
20,00

guiding value x
MPC*10000
10 000
top
MPC*60000

0,00

14
-20,00

-40,00

an
pt
ca

e
ol
az
on
ic
op
pr

Leu-S N2O

3b
concentration

in
ox
rb
ca
ph
or
m
pi
ro
np
fe

Leu-W

Increasing concentration

Difference in denitrification rate compared to the
control (%)

of fundamental importance (Schweiger and Jakobsen, 1998; Rousk et al., 2008).
Consequently, studies of pesticide exposure using environmental concentrations
and/or concentration-response may both be needed to understand all potential
effects pesticides may have on aquatic bacterial communities.

Fungicide

Figure 3. Figure 3a represents a complete concentration-response curve (for detailed
information see paper IV, Fig 1J, Bronopol II), and the figure 3b represents an
incomplete curve using mainly environmental concentrations of the tested fungicides (S.
Milenkovski et al., unpublished data). A complete concentration-response curve will in
general detect the effect concentration EC50 (i.e. the logarithm of the pesticide
concentration resulting in 50% inhibition effect of the bacterial community), as presented
by arrows in 3a. The first curve from the left characterise a bacterial community that is
more affected by the pesticide due to a lower EC50 value, or it may represent a more
sensitive method as stated in paper IV. The curve furthest to the right characterises the
most tolerant bacterial community due to the higher EC50 value, or it may represent the
least sensitive method as stated in paper IV. The horisontal line in figure 3b represents
the mean value of the controls. The denitrification rate show both increasing and
decreasing responses independent of concentrations, which is, no concentration-response
curves (except the propiconazole treatment). Fig 3b shows responses on the
denitrification rate (isotope 15N pairing technique) after treatments with increasing
fungicide concentrations.

3.3. Structural and functional responses, and sensitivity of bacterial
communities
Direct and indirect effects from pesticide exposure have earlier been shown
for bacterial communities (Engelen et al., 1998, Johnson et al., 2001, Sverdrup et
al., 2002). Pesticides may directly affect bacterial communities by killing certain
species, and indirectly as more tolerant bacterial species may benefit by the

ability to use the applied pesticide as a nutrient source (Engelen et al., 1998,
Chen et al., 2001, Johnson et al., 2001, Sverdrup et al., 2002). Indirect effects of
pesticides on bacterial communities may also involve any or all of the different
trophic levels in the ecosystem, between species (Sigler and Turco, 2002),
between predator and prey (Woin, 1998, Sverdrup et al., 2002) and between
plants and animals (Bjørnlund et al., 2000). Beside food-web interactions,
pesticides effects are also influenced by the stochastic effects as well as pesticide
applications and pesticide properties (Relyea and Hoverman, 2006). The bacterial
function has been suggested to be more resilient than structure towards
disturbances because of potential functional redundancy. However, if the
structure or function of the denitrifying bacterial community is more sensitive of
pesticide exposure is unknown. Thus, the interactions and effects between
bacterial communities, environmental parameters and pesticides are complex.
Studies of both the structure and function of natural bacterial communities after
pesticide exposure may increase the understanding of the relationship between
the structure and function.
Furthermore, in aquatic systems bacterial communities can be exposed to
pesticides both in the water column and in the sediment column. A pesticide will
commonly first enter an aquatic system in the water body, and dependent on the
properties of the pesticide, for example its octanol-water partition coefficient
(Kow) and water solubility, it will be more or less bioavailable for
microorganisms in different habitats. The Kow value indicates if the compound is
more or less lipophilic, a more lipophilic compound may increase the risk of
accumulation in the sediment. Increased water solubility of a pesticide will
increase the risk of exposure in the water column. Thus, it may be valuable to
apply methods of toxicity assessment that may analyse effects on bacterial
communities in both the sediment and the water column, simultaneously.
In this thesis, I wanted to study potential community level effects from
pesticides on the structure and function of natural bacteria in aquatic
environments. To minimize biases from stochastic and indirect effects the
analyses of pesticide exposure on natural aquatic bacterial communities were
performed by using microcosms, in short-term studies. Toxicity assessments
were performed by exposing bacterial communities to different pesticides in both
environmental concentrations and by conducting concentrations-response
analyses. Additionally, toxicity assessments were examined in the two aquatic
matrixes, the water and sediment column, to recognize in which matrix each
tested pesticide would have the largest effects on the bacterial communities.

4. Aims
The first two papers in the thesis examine the composition of denitrifying
bacterial communities in agricultural constructed wetlands. The later two papers
examine the effects of agricultural pesticides on the structure and function of the
denitrifying bacterial community. More specifically I,






examined the variation of bacterial community composition among
agricultural constructed wetlands, and whether the community
compositions were influenced by environmental parameters of the
ecosystems.
examined if the habitat of agricultural constructed wetlands sustained a
heterogeneous or homogeneous composition of the denitrifying bacterial
community.
analysed if environmental concentrations of different pesticides affected
the structure and/or function of constructed wetland bacterial
communities.
evaluated the sensitivity of two methods of toxicity assessments,
measuring functional responses of constructed wetland bacterial
communities after exposure of fungicides.

5. Methods
In this thesis both structural and functional endpoints have been measured
by applying a variety of methods. The methods for analysing community
compositions of the eubacteria and denitrifying bacteria have been the same in
papers I, II and III. However, when measuring the functional endpoints of
eubacterial and denitrifying bacterial communities, different methods have been
used within or between these studies (papers III and IV).
5.1. Analyses of bacterial structure
The technique of using polymerase chain reaction (PCR) followed by
denaturing gradient gel electrophoresis (DGGE), has been suggested to be a
useful method when analysing changes in composition of bacterial communities
(Trobäck et al., 2004; Larson et al., 2007; Petersen and Dahllöf, 2007; Sundberg
et al., 2007; Jarvis et al., 2009). Different molecular methods have been used and
evaluated to investigate composition and changes in the microbial community.
Other molecular methods besides DGGE are, TGGE (temperature gradient gel
electrophoresis) (Muyzer, 1999), T-RFLP (terminal restriction fragment length
polymorphism) (Osborn et al., 2000), and RISA (ribosomal intergenic spacer
region analysis) (Enwall et al., 2005). All these molecular methods are
considered useful for estimation of the microbial community composition,

however, none can catch the entire diversity of a microbial community (Dabert et
al., 2002; Dahllöf, 2002).
The advantage with PCR is that even low numbers of some bacterial
strains can be revealed due to amplification of pre-chosen DNA sequences
(Dahllöf, 2002) and thus, mapping the total bacterial community composition. In
addition, the resolution in the DGGE gel is very good since sequences can be
separated with one single different base pair (1/500 bp) (Kirk et al., 2004). On
the other hand, the disadvantages with PCR are that it amplifies active as well as
dormant DNA (Kirk et al., 2004) and it may amplify unspecific targets (Dahllöf,
2002). The number of DGGE bands from one sample is generally used as a
measure of bacterial richness (Yin et al., 2000), and presence/absence of DGGE
bands on different migration levels is used as a measure of bacterial structure.
However, DGGE may underestimate the community diversity since one DGGE
band could represent more than one population (Dabert et al., 2002), and one
DGGE band is used in calculations to represent one denitrifying bacterial species,
hence, a richness measure of the bacterial community. It has also been reported
that variation in bacterial community composition can arise due to selection of
primer pairs that do not offer suitable specificity for the studied habitat (Angeloni
et al., 2006). Still, even with the potential flaws pointed out, all of the methods
mentioned above are powerful tools in studies of microbial community
composition (Crecchio et al., 2001; Boon et al., 2002).
The PCR-DGGE technique was applied in my thesis to study both the
eubacterial 16S rRNA gene community and the denitrifying bacterial community
(Fig 4). In particular, the structure of the denitrifying bacterial enzyme genes
nirK, nirS and nosZ were analysed. These enzyme genes were chosen because
they represent different steps in the denitrification pathway, and thus may
provide knowledge of possible community variation between the denitrifying
bacteria for the two separate steps. The first two enzyme genes catalyse the
second step (nir) in the denitrification pathway, while the last enzyme gene
catalyses the last step (nos) (Fig 2).
5.2. Analyses of bacterial function
Isotope (15N) pairing technique and the acetylene inhibition method have
both been shown to be useful denitrification measures (Knowles, 1982; Nielsen,
1992; Rysgaard et al., 1993; Svensson, 1998; Eriksson and Weisner, 1999;
Widenfalk et al., 2004; Sirivedhin and Gray, 2006). The advantage with the
acetylene inhibition method is that it is sensitive and quick (Kozub and Liehr,
1999; Bernot et al., 2003;). The disadvantage is that it is measuring the N2O
amount, and not the end-product, N2, of the denitrification, which implies that it
should not be used to measure the efficiency of denitrification in different
habitats. The nitrogen isotope (15N) pairing technique has not been used to the
same extent as the acetylene inhibition method. However, the advantage is that it
is a more accurate method than the acetylene inhibition and measures the amount
of N2, the end product of denitrification (Nielsen, 1992; Rysgaard et al., 1993;

Svensson, 1998). Hence, the method may be applied to both measures of
denitrification efficiency, and comparison between different treatments. The
disadvantage is that it is more cumbersome and more costly regarding both time
and money. Thus, the latter method would be preferable when calculating
wetland efficiency and trying to estimate absolute values of wetland function
while the former may be applied when comparing relative differences between
treatments on denitrification rate at micro- and mesocosm scale.
Leucine incorporation (indicating bacterial growth) was measured
according to Smith and Azam (1992) with some modifications used for soil
bacteria (Bååth et al., 2001). Leucine incorporation, has earlier been shown to be
a sensitive, and also cost- and time-efficient, method to detect toxic effects in
natural environments due to heavy metals (Díaz-Raviña and Bååth, 2001;
Petersen et al., 2004; Sundbäck et al., 2007), surfactants (Brandt et al., 2004),
phenols (Aldén Demoling and Bååth, 2008), pesticides (Widenfalk et al., 2004),
antifouling biocides (Maraldo and Dahllöf, 2004) and antibiotics (Rousk et al.,
2008). Leucine incorporation also has the advantage of being easily measured in
different matrixes, e.g. soil, sediment and water (Bååth, 1994; Fischer and Pusch,
1999). Leucine incorporation has not been used to the same extent in toxicity
assessments as measurements of bacterial respiration and/or biomass, but has
proven to be more sensitive than bacterial respiration (Rousk et al., 2008). In my
studies, all three methods, isotope (15N) pairing technique, acetylene inhibition
and leucine incorporation, were applied as measurements of the bacterial activity
(Fig 4).
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Figure 4. Overview of the different methods and techniques applied to analyse the
structure and function of bacterial communities in agricultural constructed wetlands.

6. Performed Studies and Major Findings
My findings suggest that structure and function of the denitrifying bacterial
community, responsible for the denitrification efficiency in agricultural
constructed wetlands, may be affected by both natural environmental parameters
and by pesticide pollution (papers I, III and IV). However, the explanation
fractions from the studied factors were low (papers I and III). This may imply
that there are additional drivers (Kent et al., 2004) or that the natural stochastic
effects (Kadlec, 1997) are too large and as a result higher explanation fractions
will not be possible to achieve. The fact that we found variation in the richness
and structure of the wetland bacterial communities (papers I and II) opens up the
possibility that there may be a linkage between structure and ecosystem
functioning, as increasing bacterial species richness and structure have been
shown to support an increased ecosystem functioning in e.g. semi-permanent rain
pools (Bell et al., 2005). The enzyme gene nirK had the highest diversity, while
the enzyme gene nirS had the highest heterogeneity among the studied wetlands.
This suggests that the enzyme genes of nirS and nirK would have a higher
probability than nosZ of maintaining their function when exposed to different
disturbances due to functional redundancy (paper II), as it has been shown that a
more diverse bacterial community may maintain their functional rate better than
a less diverse community in soil systems (Girvan et al., 2005). Moreover,
exposure to fungicide had a larger effect on the functional bacterial endpoint in
comparison to exposures of herbicide or insecticide (paper III). The function of
the denitrifying bacterial community was suggested to be more sensitive than
their structure (paper III). Functional bacterial endpoints were suggested to be
more useful and straight forward than structural bacterial endpoints in toxicity
assessments, because structural endpoints may detect bacterial growth instead of
toxicity (paper III). Finally, even though denitrification may be a more relevant
functional endpoint to constructed wetland microbial communities, leucine
incorporation was a quicker and more sensitive method than potential
denitrification in toxicity assessments of pesticides (paper IV). The leucine
incorporation was suggested to be applied as a standardized method for toxicity
assessments of pesticides on microbial communities (paper IV).
6.1. Paper I
In paper I, I examine and describe variation of bacterial community
compositions among agricultural constructed wetlands. In addition, I wanted to
quantify influences of environmental parameters on the community composition.
In a field survey we sampled 32 constructed wetlands for bacterial biofilm and
environmental parameters (Fig 5). All investigated wetlands are included in the
large-scale program to achieve the Swedish national environmental goal
concerning N-removal.

N

Agricultural lowland
Forested inland
Western Baltic Sea
Sampled wetland

0

30 km

Figure 5. Geographical location of the studied agricultural constructed wetlands in the
south of Sweden, papers I, II and III.

The variation of the bacterial communities from biofilm were analysed by
applying PCR-DGGE (Fig 4). The denitrifying bacterial enzyme genes nirK, nirS
and nosZ were analysed representing the denitrifying bacterial community. The
eubacterial 16S rRNA gene community was also analysed in order to gain
knowledge if the total bacterial community is influenced by the same
environmental parameters as the denitrifying bacterial community. Hence, it may
be sufficient to analyse the eubacterial community if the responses from
environmental parameters is similar to those of the denitrifying bacterial
community.
The results showed that the composition (structure and richness) of
eubacterial and denitrifying bacterial communities varied between the
investigated wetlands and was partly explained by different environmental
parameters out of the 15 investigated (Fig 6). The enzyme gene nirK showed to
have the most diverse DGGE banding pattern in comparison to nirS and nosZ.
The structure of the eubacterial communities and the richness and structure of the
denitrifying bacterial community were all related to different wetland
environmental parameters. Succession stage parameters (e.g. plant community

composition) accounted for the largest impact on the eubacterial community,
whereas water chemistry parameters (e.g. hydraulic load, inlet nitrogen
concentration) accounted for the largest impact on the denitrifying bacterial
community composition. The explanation fractions for DGGE structure and
richness, ranged from 6 to 19% (Fig 6), thus, there may be additional drivers
involved in bacterial community composition. The results also suggest that care
should be taken when choosing denitrifying bacterial enzyme gene(s) in future
studies, since using a single enzyme gene may not be sufficient to characterise
denitrifying bacterial community composition in constructed agricultural
wetlands. Thus, the composition of the denitrifying bacterial enzyme genes
varied among the studied ones and could partly be explained by specific
environmental parameters.
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Figure 6. Illustrates the variation of either bacterial DGGE structure or richness that may
be explained by specific wetland environmental parameters. The black and the grey areas
in the respective circles indicate the fraction of either bacterial structure or richness of the
eubacterial gene or the denitrifying bacterial enzyme genes. The white area represents the
part which cannot be explained by the studied environmental parameters included in
paper I (for detailed description of significant parameters see paper I).

6.2. Paper II
In paper II, I analyse the heterogeneity of denitrifying bacteria in
constructed wetlands. I wanted to gain knowledge whether the habitat of
agricultural constructed wetlands may sustain a heterogeneous or homogeneous
denitrifying bacterial community in comparison to other habitats. The same
DGGE banding pattern from paper I was used, but I continued to analyse the
DGGE bands by DNA sequencing (Fig 4). The sequences were used to construct
phylogenetic trees based on the sequences of each individual denitrifying
bacterial enzyme gene. These methods were chosen to be able to distinguish and
evaluate the heterogeneity of denitrifying bacterial enzyme genes at community
level (see paper II for a detailed description). In papers I and II all samples were
analysed without addition or exposure of any treatment to the samples. In

contrast, papers III and IV we analysed microcosms exposed to material from
constructed wetlands to different pesticides (Fig 4).
My results showed that the highest heterogeneity was found for the enzyme
gene nirS, while the least heterogeneity was found for the enzyme gene nosZ
(Fig 7), corroborating a general relationship of lower diversity of nosZ in
comparison to nirK and nirS (review by Wallenstein et al., 2006). Sequences
from the enzyme gene nirS clustered close to members of α-, β-, γProteobacteria and gram-positive bacteria. Sequences from studied denitrifying
bacterial enzyme genes most often clustered together with members of αProteobacteria, followed by members of β-Proteobacteria, and then with
members of γ-Proteobacteria. The results showed that the sequences of the
denitrifying bacterial community was as heterogeneous among studied
agricultural constructed wetland as it have been shown to be in arable soil
(Throbäck et al., 2004).
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Figure 7. The figures illustrate how the different enzyme genes ranked in the measures of
heterogeneity or diversity used in the studies. The left figure represents the relationship
between heterogeneity and the studied denitrifying bacterial enzyme genes (details in
paper II). The right figure represents the relationship of diversity and the studied
denitrifying bacterial enzyme genes (details in paper I). The highest heterogeneity was
found for the enzyme gene nirS, while the highest diversity was found for nirK among
the agricultural constructed wetlands.

6.3. Paper III
In paper III, I examine if environmental concentrations of pesticides may
influence the structure and/or function of constructed wetland bacterial
communities. A field sampling was performed in one single constructed wetland
(included in the wetlands in papers I and II) from which sediment samples were
collected. Microcosms including both a sediment and water phase were set-up
and the bacterial communities were incubated short-term with different
pesticides. Structure and function of the denitrifying bacterial community were

analysed to compare which of those endpoints was more sensitive to pesticide
exposure. The structure and function of the denitrifying bacterial community
were analysed by using the isotope 15N pairing technique for functional
measures, and by using PCR-DGGE (as in papers I and II) for structural
measures of the enzyme gene nosZ (Fig 4). We chose the methods because the
purpose was to measure the last step in the denitrification pathway. Hence, the
functional method measured potentially produced N2, which is the end-product of
the denitrification pathway, and nosZ catalyses the last step. In addition, the
eubacterial 16S rRNA gene was analysed as a second structural measure to
provide a wider perspective of pesticide effects on aquatic bacterial communities.
Our results showed that the composition of the eubacterial community was
more sensitive, since the bacterial structure changed after exposure to all three
pesticide groups (the fungicide propiconazole, the herbicide glyphosate and the
insecticide pirimicarb) in contrast to the structure and function of the denitrifying
bacterial community (Table 1). The structure of the eubacterial community was
affected by all pesticide treatments at all tested concentrations when compared to
the controls (Table 1). The function of the denitrifying bacterial community was
partly negatively affected by the fungicide whereas their structure was
unaffected. However, the toxic effects were small and the failure to detect effects
in several treatments, and the lack of concentration-response effects severely
restricts conclusions regarding the toxic effects of pesticide on structure and
function in this mind of approach. In addition, structural endpoints of the
eubacterial structure only showed increasing effect, which imply that it cannot be
distinguished whether it measures toxic or positive effects of pesticides. Thus,
functional endpoints should be included in toxicity assessments of pesticide
exposure on aquatic bacterial communities and may be complemented with
structural endpoints.

Table 1. Effects of three different pesticides, the fungicide (F) propiconazole, the
herbicide (H) glyphosate, and the insecticide (I) pirimicarb, on the structure and/or
function of denitrifying bacterial and eubacterial communities. x denotes observed effect,
while gap denotes no effect.
Pesticide
Denitrifying bacteria
Eubacteria
Treatment
structure
function
structure
Propiconazole (F)
x
x
Glyphosate (H)
x
Pirimicarb (I)
x

6.4. Paper IV
Finally, in paper IV, I examine pesticide, in particular fungicide, effects on
constructed wetland bacterial communities and compare to the sensitivity of two
methods for toxicity assessment. The two methods were leucine incorporation
(i.e. bacterial growth) and acetylene inhibition (i.e. potential denitrification). In
addition, the effects from pesticide exposure were measured in both water and
sediment column with the leucine incorporation method to compare toxic effects
on the bacterial communities in the two matrixes. A field sampling was
performed in one agricultural constructed wetland (not included in the previous
studied wetlands) from which water and sediment samples were collected, and
microcosms (as in paper III) were set-up. In contrast to paper III, a concentrationresponse approach was used, to facilitate quantification of the effect
concentration (EC) values. The potential denitrification rate, as measured by
amount of produced N2O using the acetylene inhibition technique, and the
bacterial growth as measured by the leucine incorporation were used (Fig 4). The
acetylene inhibition was applied since the purpose was to compare denitrification
efficiency between different treatments at microcosm scale, and since it is a
quicker method than the one used in paper III. The leucine incorporation method
was chosen because it has been valuated as a sensitive method in toxicity
measurements in soil systems (Rousk et al., 2008). In addition, leucine
incorporation method detects growth of the total bacterial community in contrast
to acetylene inhibition, which detects denitrification in a functional group of the
total bacterial community. These two endpoints were chosen based on results
from papers I and III, which showed that the eubacterial and denitrifying
bacterial community had different responses and relationships to environmental
parameters and pesticides.
Our results showed that the leucine incorporation detected toxic effect for a
higher number of fungicides, and produced lower EC50-values for the tested
compounds than the potential denitrification method, irrespective of being
measured in the water or the sediment column (Table 2). Thus, leucine
incorporation was suggested to be a more useful method when performing
toxicity measures of pesticide exposure on aquatic bacterial communities than
potential denitrification rate (N2O).

Table 2. Effects of eight fungicides (F), one reference compound (R) and two
bactericides (B) on bacterial communities activity. Results show that the leucine
incorporation method, which measures bacterial growth, registered toxic effects of
fungicides on aquatic bacterial communities with a higher sensitivity than measures of
the potential denitrification using the acetylene inhibition method. Large X denotes a
severe toxic effect, small x denotes minor toxic effect, and gap denotes no observed
effect.
Pesticide
Leucine incorporation
Potential denitrification
Treatment
water
sediment
water and sediment
Benomyl (F)
X
x
Captan (F)
X
X
X
Carbendazim (F)
Carboxin (F)
Cycloheximide (F)
Fenpropimorph (F)
x
Propiconazole (F)
x
Thiram (F)
X
X
X
3,5-dichlorophenol (R)
X
x
x
Bronopol (B)
X
X
x
Chlortetracycline (B)
x
x

7. Future Perspectives for Nitrogen Removal in Constructed
Wetlands
The results of my studies provide partial answers to some of the
fundamental questions concerning the structure and function of the denitrifying
bacterial community, responsible for denitrification in agricultural constructed
wetlands. Overall, my results show that the denitrifying bacterial enzyme genes
vary between studied wetlands and that their structure and function may be
affected by specific environmental parameters as well as by different pesticides.
Papers I and II, suggests that the general denitrifying bacterial community is
diverse and has the capacity of being heterogeneous, which open up the
possibility of functional redundancy. The toxicity assessments of pesticide effects
obtained in my papers III and IV, indicate that they will not affect the bacterial
communities in constructed wetlands to a larger extent, because higher
concentrations are needed than the concentrations detected in natural surface
waters. Thus, my results suggest that constructed wetlands may maintain
unaffected denitrification efficiency even during pesticide exposures.
However, many more fundamental issues, regarding the denitrifying
bacterial communities in agricultural constructed wetlands, remain to be explored
before we can understand the linkage between their structure and function. For
instance, it remains to fully gain knowledge of the biogeography of bacterial
communities in constructed wetlands. Similar biogeography approaches as the
ones in my papers I and II should be of interest, but by applying complementary

methods, which can help broaden the perspective of the denitrifying bacterial
community. For example, quantifying the presence of each denitrifying bacterial
enzyme gene by using real-time PCR, will add information of the abundance of
the enzyme genes. In addition, to analyse the mRNA of the denitrifying bacterial
community to determine which enzyme genes that actually are active, as the
PCR-DGGE do not separate between active and dormant DNA. For further
studies, the potential variation between denitrifying bacterial community
composition in efficient and less efficient agricultural constructed wetlands,
would be a start to understand the structure and function linkage.
Many perspectives remain to be explored concerning pesticide exposure on
aquatic bacterial communities. For instance, toxicity assessments on bacterial
communities needs to be better developed, especially the knowledge of which
method to use. A first approach would be to continue evaluating and comparing
the sensitivity between methods that can be used in toxicity assessments of
pesticides on aquatic bacterial communities. Moreover, toxicity assessment on
both single species level and community level is needed to understand the
mechanisms behind any effects. For instance, single species analysis may be used
to analyse direct effects from pesticide exposure, while analysis at bacterial
community level should be used to gain more environmentally relevant effect
concentrations. Measures of leucine incorporation, has shown to be able to assess
toxicity of different pesticides on bacterial communities in both water and
sediment columns with high sensitivity, and has potential to become a
standardized method when assessing toxicity on bacterial communities. Thus,
many research areas in this field are left to explore until we will fully understand
all mechanisms behind the structure and function of denitrifying bacterial
community in agricultural constructed wetlands. However, with more crossdisciplinary studies involving molecular ecology and ecotoxicology, I am hopeful
that new insights of N-removal efficiency in constructed wetlands can be
obtained.
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Svensk Sammanfattning

Denitrifierarna i våtmarker – vem är de, varför är de där och hur
känsliga är de för jordbruksgifter?
Under 1900-talet har jordbruksarealer runt om i världen expanderat för att
kunna ge mat åt den växande befolkningen. Detta har resulterat i att stora arealer
naturliga våtmarker, till exempel kärr och mossar, helt torrlagts och försvunnit.
En direkt konsekvens från detta har blivit att vi gått miste om de naturliga
våtmarkernas funktion, nämligen att fungera som naturliga reningsverk av
näringsrikt och förorenat vatten. Näringsrikt och förorenat vatten kan orsaka
övergödning och syrebrist om de når ut till sjöar och hav och de kan förändra
organismernas födokedja. Föroreningar och gifter från jordbruksmark utgörs
mestadels av olika sorters bekämpningsmedel som oavsiktligt kan läcka ut till
närliggande vatten när bönderna besprutar sina arealer. Näringsämnen som också
kan läcka ut från jordbruksmarken, från bland annat gödsel, består till stor del av
kväve och fosfor. I min avhandling valde jag att fokusera på kvävet.
Ett försök till att minska överskottet av kväve och föroreningar har varit att
anlägga våtmarker intill jordbruksmark. Ett problem med de anlagda våtmarkerna
har dock varit att deras funktion som reningsverk varierar. Varför kvävereningen
varierar vet man inte eftersom kunskapen inom detta område är begränsad.
Kvävet kan minska i våtmarkerna genom att nitrat, som är mycket tillgängligt för
organismer, reduceras till kvävgas som är mindre tillgängligt. Denna process
kallas för denitrifikation och utförs via bakteriesamhället eller mer specifikt av
denitrifierarna. Denitrifikation omvandlar nitrat till kvävgas i fyra olika steg och
dessa steg utförs av olika enzymgener som produceras av denitrifierarna. Det är
framförallt kunskapen om denitrifierarna som är mycket begränsad, trots att
kännedom om deras samhällsstruktur och funktion kan leda till anläggande av
effektiva våtmarker. Målet med denna avhandling var att försöka skapa en
forskningsgrund genom att kartlägga denitrifierare i anlagda våtmarker vid
jordbrukslandskap för att ta reda på vem de är, varför de är där och hur känsliga
de är för jordbruksgifter.
Sverige har som mål att återskapa 12 000 ha våtmarker till år 2010 för att
nå det nationella målet att minska näringstillförseln från jordbruksmark till sjöar
och hav. Anlagda våtmarker har likadant utseende som dammar eller mindre
sjöar men de är överlag grundare (medeldjup omkring en meter). Detta möjliggör
för ökad växtlighet där växter utgör en kolkälla för bakterierna. Förutom
tillgängligt kol behöver denitrifierarna nitrat och syrefattiga miljöer för att kunna
producera enzymgenerna som katalyserar denitrifikationen. I mitt första projekt
ville jag ta reda på om denitrifierarnas samhällsstruktur varierar mellan olika
anlagda våtmarker och om det möjligtvis fanns andra faktorer förutom kol, nitrat
och syrefattig miljö som påverkar/bestämmer deras förekomst. För att ta reda på
detta undersökte jag denitrifierarnas samhällsstruktur i 32 stycken anlagda
våtmarker. Jag mätte även 15 olika våtmarksfaktorer: bland annat undersöktes

växterna, våtmarkernas djup, kväve belastning i in och utflöde, vattnets
uppehållstid, våtmarkernas area etc. Mina resultat visade att denitrifierarnas
samhällsstruktur varierar mellan de undersökta våtmarkerna. Dessutom fann jag
att ytterligare faktorer än de redan välkända kan påverka denitrifierarnas
samhällsstruktur. Jag valde att fortsätta studera denitrifierarnas samhällsstruktur
men istället undersöka om det fanns variation mellan de olika enzymgenerna som
representerar de olika stegen i denitrifikations processen. Jag använde samma
material från de 32 anlagda våtmarkerna från den första studien och genom
kompletterande undersökning kunde jag granska förekomst av denitrifierarnas
enzymgener. Mina resultat visade att enzymgenerna varierade och jag kunde dra
slutsatsen att miljön i anlagda våtmarker intill jordbrukslandskap kan ge plats åt
ett mycket varierande denitrifierarsamhälle.
Hänsyn måste också tas till att många konstruerade våtmarker med jämna
mellanrum utsätts för olika bekämpningsmedel som kan påverka denitrifierarna.
Bekämpningsmedel som används mot bland annat skadeinsekter, ogräs och
svamp kan påverka bakteriesamhället i våtmarker. Påverkan kan vara både direkt
eller indirekt, där direkt effekt kan döda vissa bakterier medan andra mer
toleranta bakteriearter kan påverkas indirekt genom förmågan att utnyttja
bekämpningsmedlet som en extra födokälla. Om denitrifierarna påverkas av
bekämpningsmedel så kan detta orsaka att effektiviteten i denitrifikationen
förändras, t.ex. genom att denitrifierarna slutar producera enzymgener. I min
tredje studie utsatte jag bakteriesamhällen för olika bekämpningsmedel för att se
om denitrifierarna i anlagda våtmarker kan utföra en effektiv denitrifikation även
då de exponeras av olika bekämpningsmedel. Jag använde olika
bekämpningsmedel i miljörelevanta koncentrationer och mätte deras effekt på
denitrifierarnas samhällsstruktur och funktion (denitrifikationen). Mina resultat
visade att det undersökta svampmedlet påverkade (positivt och negativt) både
bakteriernas samhällsstruktur och deras funktion. Insekt- och ogräsmedlet
påverkade endast samhällsstrukturen. Jag fortsatte därför att studera svampmedel
i min sista studie där jag utökade antalet undersökta svampmedel och använde
mig av många fler låga och höga koncentrationer för varje bekämpningsmedel.
Jag valde dessutom att endast analysera bakteriesamhällets funktion genom att
jämföra två olika metoder. Den första mätte denitrifikationshastighet och den
andra bakteriernas tillväxthastighet. Mina resultat visade att vissa svampmedel
kan påverka bakteriesamhällets funktion, både tillväxt och denitrifikation.
Dessutom kunde jag dra slutsatsen att metoden som mätte bakteriernas
tillväxthastighet var känsligare och därmed bättre på att mäta svampmedlens
giftighet mot bakteriesamhällen än metoden som mätte denitrifikation.
Sammantaget visar mina studier att denitrifierarna finns i anlagda
våtmarker, att deras samhällsstruktur varierar mellan våtmarker och att denna
struktur kan påverkas av olika miljöfaktorer och gifter. Detta betyder att
förutsättningen för att denitrifikation skall kunna utföras i anlagda våtmarker är
stor, men problemet är mer komplicerat. En viktig kännedom är att även om olika
denitrifierare finns i våtmarker så finns det ingen garanti för att de producerar de
nödvändiga enzymgenerna för att denitrifikation skall kunna utföras. Därför

behövs mer forskning inom detta område som kan fortsätta studera hur
denitrifierarnas samhällsstruktur är sammankopplad med deras funktion,
denitrifikationen. Många våtmarker har anlagts och många fler är på gång och det
är därför viktigt att se till att de kan fungera som effektiva reningsverk.
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Summary
Bacteria play important roles in the transformation of nutrients in wetlands, but
few studies have examined parameters affecting variation in bacterial community
composition between wetlands. We compared the composition of eubacterial and
denitrifying bacterial biofilm communities in 32 agricultural constructed
wetlands in southern Sweden, and the extent to which wetland environmental
parameters could explain the observed variation. Structure and richness of the
eubacterial 16S rRNA gene and three denitrifying bacterial enzyme genes (nirK,
nirS and nosZ), analysed by molecular fingerprinting methods, varied among the
constructed wetlands, which could be partly explained by different environmental
parameters. Results from the enzyme gene analyses were also compared to
determine whether the practice of using a single denitrifying bacterial gene could
characterize the overall community composition of denitrifying bacteria. We
found that nirK was more diverse than both nirS and the nosZ, and the band
structure and richness of the three genes were not related to the same
environmental parameters. This suggests that using a single enzyme gene may
not suffice to characterize the community composition of denitrifying bacteria in
constructed agricultural wetlands.

Introduction
The use of biological treatment methods driven by microbial communities is
increasing worldwide as a means of remedying anthropogenic pollution (Lovely,
2003). Passive treatment in constructed wetlands is one such technique that is
applied to handle a wide range of pollutants such as metals, organic substances,
and nutrients. In particular, actions taken to decrease nitrogen transport to
downstream recipients have led to increasing numbers of constructed wetlands in
agricultural areas in Europe and North America. The efficiency with which
individual wetlands remove nitrogen (mainly through denitrification) varies
greatly and has been associated with e.g. incoming nitrogen load and amount of
available carbon (Fleischer et al., 1994; Weisner et al., 1994; Lin et al., 2002). It
is probable that the functioning of these ecosystems is influenced by the
composition and diversity of bacteria communities that are present (Bell et al.,
2005). Nevertheless, in that context, few studies of the performance of
constructed wetlands have examined the denitrifying bacteria, which constitute
an integral part of the nitrogen removal process. Information is lacking about the
composition and activity of the denitryfing bacterial community (Philippot and
Hallin, 2005), and its link to the denitrification rate in wetlands (Rich and
Myrold, 2004), although there is evidence that bacterial community composition
does affect the denitrification in both terrestrial and aquatic ecosystems
(Wallenstein et al., 2006). Thus, knowledge regarding the composition of
denitrifying bacterial communies and the parameters influencing them, may
prove useful in improving nitrogen removal in constructed wetlands.
Theories about the distribution of bacterial communities include the idea that
environmental parameters shape the community composition (Martiny et al.,
2006; Shade et al., 2008). The denitrifying bacterial community requires the
availability of organic carbon and an anaerobic environment in order to reduce
nitrate, although there are also other parameters that may influence the
community structure and thereby also the denitrification rate. In wetlands, it has
been shown that the structure and/or function of microbial communities can be
affected by several different environmental parameters, including the macrophyte
community composition (Weisner et al., 1994), pH and hydraulic loads (Beisner
et al., 2006), nitrate and nitrate loads (Horner-Devine et al., 2003; Hewson et al.,
2003), and habitat size (Reche et al., 2005). Recently developed molecular
methods have enabled characterization of bacterial communities and assessments
of the relative importance of the multiple interacting drivers that structure these
communities in different ecosystems. The analysis of the eubacterial 16S rRNA
gene (rDNA) can provide a broad description of the bacterial community
composition in a habitat (Dahllöf, 2002), and studies of several habitats are
available in the literature for comparison (e.g. Langenheder and Prosser, 2008).
The functional diversity represented by the denitrifying bacterial community
phylogeny may not relate to the taxonomical diversity indicated by the 16S
rDNA phylogeny (Song and Ward, 2003). Therefore, investigations of both types

of phylogeny will provide different perspectives and additional insights on the
bacterial community composition. Denitrification is the stepwise reduction of
nitrate to dinitrogen, in which each step is catalysed by different enzymes
encoded by the genes nar/nap, nir, nor, and nos. In most cases, only one or two
of the enzyme genes nirK, nirS, norB or nosZ are investigated when studying the
denitrifying bacterial community, because it is assumed that they are all
adequately representive of the true community composition (Braker et al., 1998;
Hallin and Lindgren, 1999; Braker and Tiedje, 2003; Hannig et al., 2006; Bremer
et al., 2007). To date, to our knowledge no study has attempted to ascertain
whether any individual enzyme genes can suffice to characterize the overall
community composition of denitrifying bacteria. To do so it would be valuable to
compare the occurrence of denitrifying bacterial enzyme genes in a large number
of similar habitats.
The aim of this study was to examine the variation of eubacterial and denitrifying
bacterial community composition among 32 constructed wetlands, and also to
determine whether the community compositions were influenced by the
environmental parameters of the ecosystems. The bacterial community
composition (structure and richness) in wetland biofilm was assessed by PCRDGGE analysis (Hallin and Lindgren, 1999), targeting 16S rDNA to describe the
eubacterial community and the enzyme genes nirK, nirS, and nosZ to describe
the denitrifying bacterial community. We determined whether the three
denitrifying bacterial enzyme genes were evenly distributed among the wetlands,
and if analysis of a single denitrifying bacterial enzyme gene could suffice to
characterize the denitrifying bacterial community in agricultural constructed
wetlands. Our results showed that the eubacterial and denitrifying bacterial
community compositions in the wetlands varied, partly explained by wetland
environmental parameters. The three denitrifying bacterial enzyme genes were
not related to the same environmental parameters (nor to 16S rDNA), and nirK
was more diverse than both nirS and nosZ. Thus, using a single denitrifying
bacterial enzyme gene may not be sufficient to characterize the denitrifying
bacterial community in constructed agricultural wetlands.

Results
Extraction and PCR amplification of DNA from biofilm samples
DNA was successfully extracted from biofilm samples from the 32 constructed
wetlands. PCR amplification using the primer pairs targeting 16S rDNA, nirK,
nirS, and nosZ yielded products of expected size from all samples: 550, 480, 450,
and 420 bp, respectively.

Variation of eubacterial and denitrifying bacterial communities
The wetlands differed with regard to the DGGE band structure (i.e.
presence/absence of band pattern) and band richness (i.e. the number of DGGE
bands in a sample) observed for the eubacterial and denitrifying bacterial enzyme
genes (Table 1 and Fig. 1). The majority of the wetlands shared two to three
DGGE bands at the same migration level in the gels (Fig. 1). Jaccard similarity
was lowest for nirK (indicating the least similarity in band structure between
wetlands) and highest for nosZ (Table 1). There was no similarity in band
richness between the denitrifying bacterial enzyme genes and the eubacterial
community (16S rDNA). The band richness of nirK+nirS was included as an
additional parameter in the analysis.

Table 1. Number of band levels and band pattern variation obtained by DGGE analysis of PCR
products from different target genes in bacterial biofilm DNA from 32 constructed wetlands.
Band number

16S rDNA

nirK

nirS

nosZ

nirK+nirS

Total band levels

49

28

25

21

53

Present in at least 3 wetlands

46

22

19

17

41

14 ± 0.5

5 ± 0.4

6 ± 0.3

6 ± 0.4

11 ± 0.4

6–20

2–10

2–10

2–13

7–16

Mean± SE per wetland
Range per wetland
Variation in band pattern*

2.2

3.5

2.3

1.8

-

Jaccard similarity**

0.23

0.21

0.24

0.27

-

*Total inertia from canonical correspondence analysis (CCA). Increasing values indicate
higher between-wetland differentiation of band patterns.
**The index sets the number of band levels shared by a pair of wetlands in relation to the
total number of band levels found for the pair. The values given refer to the mean over all
pairwise comparisons (n = 630) per primer. The index can range between zero (no bands
in common) and one (all bands in common).

Figure 1. The diagrams illustrate the number of wetlands that shared bands at specific migration
levels in DGGE gels used to analyse the eubacterial gene and each of the denitrifying bacterial
enzyme genes. Steeper slope indicates greater similarity between the band patterns of the different
wetlands.

Band structure of eubacterial and denitrifying bacteria in relation to
environmental parameters
Canonical correspondence analysis showed that the band structures of both
eubacterial and denitrifying bacterial communities were significantly related to
environmental parameters. The eubacterial band structure was explained by
parameters describing succession stage, water chemistry, and wetland
morphology, whereas the denitrifying community band structure was explained
only by water chemistry or wetland morphology parameters (Fig. 2). Four
environmental parameters explained a total of 19% of the eubacterial band
structure (eigenvalues 0.18 and 0.17): emergent plant richness (F-ratio 1.79, P =
0.004) and submerged plant richness (F-ratio 1.44, P = 0.042) together stood for
10%, nitrate concentration (F-ratio 1.59, P = 0.015) for 5%, and depth (F-ratio
1.40, P = 0.043) for 4%. Total phosphorous and pH explained 6% of the band
structure of nirS (F-ratio 1.92, P = 0.011, eigenvalues 0.26 and 0.22) and nirK
(F-ratio 2.05, P = 0.005, eigenvalues 0.31 and 0.28), respectively. Depth

explained 8% of the band structure of nosZ (F-ratio 2.49, P = 0.003, eigenvalues
0.21 and 0.16).

Figure 2. Explanatory power of the relationship between DGGE band structure and environmental
parameters shown by canonical correspondence analysis. The environmental parameters considered
here belonged to the three groups succession stage (black), water chemistry (white), and wetland
morphology (grey).

Band richness of eubacterial and denitrifying bacteria in relation to
environmental parameters
The ordination diagram in Figure 3 illustrates the relationship between
eubacterial and denitrifying bacterial band richness and environmental
parameters (axis eigenvalues 0.29 and 0.14). Three parameters were significantly
correlated with the canonical axes and explained 7–12% of the total variation in
denitrifying bacterial band richness: nitrate concentration (F-ratio 3.90, P =
0.004, 12%), richness of floating-leaved plants (F-ratio 3.45, P = 0.017, 9%), and
hydraulic loading rate (F-ratio 2.65, P = 0.028, 7%). Subsequent regression
analyses (Fig. 4) revealed significant linear relationships. Nitrate concentration
was positively correlated with the band richness of nosZ and negatively
correlated with the band richness of nirK+nirS. Hydraulic loading rate was
negatively correlated with band richness of nirK+nirS, and presence of floatingleaved plants was positively correlated with the band richness of nirK. In all
cases except nirK, the quadratic regression models (unimodal relationships) were
also significant. However, the r2 values for the linear and unimodal relationships
differed only marginally, whereas the P values suggested relatively higher
significance for the linear models in all cases. Eubacterial band richness was not
significantly related to any of the tested environmental parameters.

Figure 3. Ordination diagram obtained by redundancy analysis (RDA) of eubacterial and
denitrifying bacterial DGGE band richness and environmental parameters. Symbols: closed circles
represent wetlands; proximity between circles indicates similarity in band richness; dotted arrows
denote the direction of increasing band richness; continuous arrows depict the direction of
environmental parameters that were significantly related to the canonical axes (i.e. that explained
variation in band richness).

Figure 4. Linear regressions between three environmental parameters and DGGE band richness of
eubacterial (16S rDNA) and denitrifying bacterial enzyme genes (nirK, nirS, nirK+nirS, and nosZ).
Observe that values for hydraulic loading rates are square-root transformed. The lines indicate a
significant linear relationship.

Discussion
We found that the composition (structure and richness) of eubacterial and
denitrifying bacterial communities varied between the investigated wetlands and
was partly explained by environmental parameters (Fig. 2 and 4), which implies
that environmental parameters may shape bacterial community composition
(Martiny et al., 2006). Furthermore, the observed compositional variation
between our wetland sites, which represent equivalent habitats, is supported by
previous findings regarding rock pools (Langenheder and Ragnarsson, 2007) and
terrestrial soils (Throbäck et al., 2004). Similarly, studies of single aquatic
systems have shown that temporal differences in the composition of denitrifying
bacterial communities are related to changes in vegetation, nutrients, or season
(Priemé et al., 2002; Angeloni et al., 2006; Kjellin et al., 2007; Sundberg et al.,
2007). Aquatic environments are heterogeneous in nature (Simon et al., 2002;
Franklin et al., 2002), and therefore, to reduce variation in analyses of bacterial
community composition that can be caused by the sampling strategy, we used
pooled samples from field-deployed polyethylene strips to obtain wetland
biofilms (Araya et al., 2003). Accordingly, it can be assumed that the relative
diversity of the bacterial communities in our study was probably not affected by
the sampling strategy, and hence we argue that it was possible to compare this
aspect of the investigated wetlands.
Specific environmental parameters of the wetlands, primarily those in the group
succession stage, explained 19% of the total variation in the eubacterial
community structure (Fig. 2). Eubacterial community structure may be
influenced by parameters belonging to all three of the groups succession stage
(Langenheder and Prosser, 2008), water chemistry (Hewson et al., 2003), and
wetland morphology (Hewson et al., 2007), and similar magnitudes of influence
have been reported in other aquatic habitats (Beisner et al., 2006; Langenheder
and Ragnarsson, 2007). Langenheder and Ragnarsson (2007) noted that 14% of
the eubacterial community composition in their study could be explained by
environmental parameters and argued that this low explanation fraction may have
been due to their failure to include all relevant parameters. However, we included
a higher number of environmental parameters (15 compared to 8 considered by
Langenheder and Ragnarsson, 2007) in our investigation, but the explanation
fraction was not appreciably larger. Similarly low fractions have also been found
when considering the impact of environmental factors on communities at higher
trophic levels, such as fish in lakes (Beisner et al., 2006) and macroinvertebrates
in constructed wetlands (G. Thiere et al., in press). Other parameters, describing
food web interactions, for example predation or effects of fluctuations in the
phytoplankton community, are also likely to have an impact on bacterial
community composition (Kent et al., 2004). In addition, stochastic effects should
be taken into consideration when analysing constructed wetlands (Kadlec, 1997).
Such shallow aquatic systems have high hydraulic loading rates and short water
retention times, and thus bacterial communities in those habitats can easily be

affected and altered by temporal changes in the environment, and they may rarely
be in a stable state due to constant adaptations to environmental turbulence.
Consequently, it may not be possible to achieve explanation fractions that are
higher than those found in our study or other investigations simply by analysing
more environmental parameters. Given that a large variation in community
composition remain unexplained, possibly due to a lack of temporal (and spatial)
resolution in field studies, the information added by the present results and the
findings of other similar studies suggest that environmental parameters play a
significant role in shaping the composition of bacterial communities
(Langenheder and Ragnarsson, 2007).
The DGGE band structure and richness of the denitrifying bacterial enzyme
genes were not related to the same environmental parameters (Fig. 2 and 4), nor
to the band richness of the eubacterial 16S rDNA community. Band structure and
richness indicated greater diversity of the denitrifying bacterial enzyme gene
nirK compared to both nirS and nosZ (Table 1). This was indicated by the
observation that, compared to both nirS and nosZ, nirK had a larger number of
detected band levels in the DGGE gels (Table 1). The finding that diversity was
greatest for nirK and lowest for nosZ is supported by a general relationship of
lower diversity for nosZ compared to both nirK and nirS (Wallenstein et al.,
2006). Communities of nirK have previously been shown to be more diverse than
the nirS and nosZ counterparts in soils (Throbäck et al., 2004), whereas greater
diversity has been noted for nirS than for nirK in marsh soil (Priemé et al., 2002)
and marine sediments (Braker et al., 2000).
In our study, specific environmental parameters explained 6–8% of the variation
in band structure (Fig. 2) and 7–12% of the differences in band richness (Figs. 3
and 4) of the denitrifying bacterial communities. All three of the parameter
groups succession stage, water chemistry, and wetland morphology affected
richness, whereas only the latter two influenced structure. The water chemistry
parameters accounted for the largest impact on the total denitrifying bacterial
community composition. Band structure and richness were not correlated with
the same environmental parameters, except for nitrate concentration. The
correlation between band richness and nitrate concentration was positive for nosZ
but negative for nirK+nirS, indicating opposite effects on the richness of
bacterial species encoding for the denitrifying bacterial enzyme genes. Very few
comparable studies have examined several denitrifying bacterial enzyme genes,
and only limited number of investigations have found differences in relationships
between environmental parameters and community composition of single
denitrifying bacterial enzyme genes (Bremer et al., 2007; Kjellin et al., 2007).
Other studies have not separated the effects of individual environmental
parameters on individual denitrifying bacterial enzyme genes (Cavigelli and
Robertson, 2000; Hannig et al., 2006), and thus the results are not comparable.
Differences of enzyme gene diversity among previous investigations may be
partly owing to the use of different molecular techniques. It has also been

reported that variation in bacterial community composition can arise due to
selection of primer pairs that do not offer suitable specificity for the studied
habitat (Angeloni et al., 2006). Our molecular analyses produced satisfactory
data for each of the enzyme genes, thus we suggest that use of single genes will
not suffice to characterize the overall denitrifying bacterial community in
constructed agricultural wetlands.
Interestingly, ecosystem functioning in semi-permanent rain pools has been
shown to increase with increasing bacterial species richness, and, to a lesser
degree, be affected by bacterial structure (Bell et al., 2005). There are two
mechanisms that may explain the impact of biodiversity on ecosystem
functioning: the ‘complementary mechanism’, which means that different species
use slightly different resources, and the ‘selection mechanism’, implying that
certain bacterial species play a more important role (Loreau and Hector, 2001).
Since our results indicate that environmental parameters are partly responsible
for the variation between wetlands with regard to both the structure and the
richness of denitrifying bacterial communities, it may be possible to use that
knowledge to develop testable hypotheses in future studies. More specifically,
different structure and richness of the denitrifying bacterial enzyme genes may
have different effects on the three separately occurring reactions of the
denitrification process (Zumft, 1997) and thereby influence the rate of
denitrification. Denitrification constitutes the main route of nitrogen removal in
agricultural constructed wetlands because the incoming nitrogen is predominately
in the form of nitrate (Bachand and Horne, 2000), and thus denitrification does
not depend on nitrification (Seitzinger et al., 2006). If a skewed community
composition of the enzyme genes (nir compared to nos) limits one of the
denitrification reactions, it may result in a bottleneck in the denitrification
process. It was recently suggested that expression of the genes that encode the
enzymes that catalyse denitrification may occur at different rates in the various
species of denitrifying bacteria (Kjellin et al., 2007; Bulow et al., 2008; Henry et
al., 2008). Hence it is possible that the diversity of denitrifying bacteria is linked
to wetland function because a high denitrification rate is dependent on specific
denitrifying bacterial species for each enzyme gene (nar/nap, nir, nor and nos).
Thus certain compositions of denitrifying bacterial phylotypes may be superior to
others in catalysing denitrification, which would support increased activity of
constructed wetlands.
In conclusion, we found that the structure and richness of the eubacterial and
denitrifying bacterial communities varied among the investigated wetlands and
could partly be explained by environmental parameters of the wetlands. The
eubacterial and denitrifying community compositions were all related to different
wetland environmental parameters, although the explanation fractions were low
and thus there may be additional drivers involved. We recommend that care be
taken when choosing denitrifying bacterial enzyme gene(s) in future studies,
since our results suggest that using a single enzyme gene may not be sufficient to

characterize denitrifying bacterial community composition in constructed
agricultural wetlands. More knowledge about the denitrifying bacterial
community is needed before any causal relationships with the denitrification rate
in constructed wetlands can be tested. For instance, the phylogenetic diversity of
the denitrifying bacterial community and the relative contribution of different
phylotypes to the denitrification rate should be determined. A promising
approach to resolving the latter issue is the quantification of gene expression by
different phylotypes (Bulow et al., 2008). Further research is also needed to
elucidate the influence of physical-chemical ecosystem variability on community
composition and continuous denitrification rates in constructed wetlands.

Experimental Procedures
Wetland ecosystems
Thirty-two wetlands that had been constructed for the purpose of nutrient
(nitrogen and phosphorous) retention in southwestern Sweden were surveyed
from March to October 2004. The wetlands represented nutrient-rich, flowthrough freshwater systems with a permanent water body, and both the wetlands
and their catchments were located in an agriculturally dominated lowland area
within 15 km of the water shore (57º02’N, 12º23’E to 55º59’N, 13º06’E).
Nutrient concentrations in the incoming water ranged from 3.3 to 18.9 mg l-1 for
total nitrogen (2.5 to 18.8 mg l-1 nitrate) and from 5 to 318 µg l-1 for total
phosphorous. The wetlands were between one and six years old, and they ranged
in size from 0.1 to 2.1 ha (mean area 0.4 ha) and had average water depths of 0.2
to 3.9 m (mean 1.0 m). The environmental parameters investigated were divided
into three groups designated as follows (Table 2): succession stage (wetland age,
wetland plants, richness of submerged, floating-leaved and emergent plants),
water chemistry (total nitrogen, nitrate, total phosphorous, phosphate, N:P ratio,
organic suspended solids, pH, conductivity, and oxygen saturation), and wetland
morphology (wetland area, depth and hydraulic loading rate). These parameters
were measured on three separate occasions from March to September 2004
(publication of sampling procedures and detailed values in; G. Thiere et al., in
press).

Table 2. Environmental parameters used to characterize the succession stage, water chemistry, and
morphology of the constructed wetlands.
Environmental parameter

Unit

Description

Succesion stage
1 Wetland plants

species

As defined by Biggs et al. (1998)

2 Marginal plants

species

Emergent and herbaceous wetland plants

3 Submersed plants

species

Plants with all parts submerged below the water
surface

4 Floating-leaved plants

species

Plants (free or rooted) with leaves floating on the
surface

5 Plant cover

scale

6 Wetland age

months

7 16S rDNA

0, up to 5% cover; 1, up to 33% cover; 2, up to 67%
cover; 3, up to 100% cover
Time between construction and investigation
(colonization time)

bands

As detected in the present study; treated as a
parameter only in relation to denitrifying genes

g m–3

Mean inlet concentration

–3

gm

Mean inlet concentration

g m–3

Mean inlet concentration

Water chemistry
8 Total nitrogen
9 Nitrate
10 Total phosphorous
11 N:P ratio
12 Nitrate load
13 Organic suspended solids
14 Oxygen saturation
15 Conductivity

Mean inlet mass ratio (total N: total P)
–2

gm d

–1

g m–3

Nitrate concentration times daily flow per wetland
area
Mean inlet concentration

%
µS cm–1

16 pH
Wetland morphology
17 Wetland area

m2

Water body size

18 Depth

m

Average water depth

19 Hyraulic loading rate

md

–1

Discharge per wetland area

Experimental setup and biofilm sampling strategy
We sampled and analysed biofilm from each wetland to compare the systems
with regard to the community composition of both eubacteria and denitrifying
bacteria. Pre-washed polyethylene strips (3.2 m long, 15 mm wide, 0.1 mm thick)
were used to cover both the wetland sediment surface and the water column in
sites along the main flow channel between the inlet and outlet of each system.
The horizontal strip (1.6 m) was prepared with weights in each end to keep it

integrated in the upper part of the sediment. The vertical strip (1.6 m) continued
from one of the horizontal ends and was kept afloat at the water surface by use of
a cork. Five strips were placed at regular intervals between the inlet and outlet of
each wetland. The strips were left in situ for four weeks (September to October
2004) to allow biofilm development. Thereafter, they were collected in prewashed polyethylene bags and kept on ice (for 8 h) during transport to the
laboratory. Upon arrival at that facility, the strips were immediately placed in a
refrigerator (4°C) and were kept there overnight. To obtain samples of biofilm
for analysis, a mean total area of 600 cm2 was scraped off from the polyethylene
strips with a pre-washed razor blade. The samples from each wetland were
pooled, transferred to sterile Eppendorf vials, and centrifuged (1500 rpm for 2
min), after which excess water was discarded. The vials were then stored at –
20°C pending DNA extraction.
DNA extraction
Total DNA from the biofilm was extracted using a FastDNA® Spin Kit for Soil
(Bio 101 Inc., La Jolla, CA, USA). Approximately 0.65 g (wet weight) of biofilm
sample was diluted with 2 x 978 µl of sodium phosphate buffer (SPB; buffer
supplemented in the kit). The mixture was homogenized with a blender (DIAX
900 Homogeniser Tool G6, Heidolph, Kelheim, Germany) for 5 min while kept
on ice. A 500-µl aliquot of the homogenized suspension was diluted with 478 µl
of SPB and thereafter the manufacturer’s protocol was followed. The 50-µl DNA
extracts were stored at –20°C until subjected to PCR analysis.
PCR
The primer pairs selected for nirK and nirS were FlaCu:R3Cu and cd3aF:R3cd,
respectively (Throbäck et al., 2004). The primer pair nosZF:nosZ1622R used for
nosZ was modified from Throbäck et al. (2004) to nosZ11F: 5´- CGY TGT TCM
TCG ACA GCC AG - 3´ and nosZ611R: 5´- CGS ACC TTS TTG CCS TYG CG
- 3´. A 33-bp GC-clamp, 5´ - GGC GGC GCG CCG CCC GCC CCG CCC CCG
TCG CCC - 3´, was attached to the 5´ end of each of the primers R3cd, R3cu and
nosZ1611R. All primers were purchased from Invitrogen (Stockholm, Sweden).
PCR amplification of the nirS and nirK primer pairs, respectively, was
performed according to Throbäck et al. (2004). The PCR mixture for nosZ
analysis (total volume 50 µl) contained 1.33 U Taq polymerase, 5 µl of 10 x
buffer (including 1.5 mM MgCl2; Roche Diagnostic GmbH, Mannheim,
Germany), 200 µM dNTPs, each primer at 0.125 µM, 600 ng µl-1 BSA, and 2 µl
of template DNA. The PCR amplification for nosZ was done as follows: an initial
denaturing step for 15 min at 95°C; then 10 cycles of 30 s at 94°C, 1 min at 66°C
(decreased 1°C per cycle) and 1 min at 72°C; thereafter 30 cycles of 30 s at 94°C,
1 min at 56°C, and 1 min at 72°C; finally, a primer extension step of 10 min at
72°C. All PCR reactions were performed on a PTC-100TM thermal cycler (MJ

Research Inc., San Francisco, CA, USA), and agarose gel electrophoresis
analysis was subsequently conducted to confirm the size of the products.
To analyse the total bacterial community, we used the primer pair GM5F-GC and
DS907R, which targets the 16S rDNA (Teske et al., 1996). The 50 µl of PCR
mixture consisted of 1.33 U Taq polymerase, 5 µl of 10 x buffer (including 1.5
mM MgCl2; Roche Diagnostic GmbH, Mannheim, Germany), 200 µM dNTPs,
each primer at 0.25 µM, and 5 µl of template DNA. The PCR amplification was
done as follows: an initial denaturing step for 2 min at 94°C; then 9 cycles of 30 s
at 94°C, 1 min at 55°C and 1 min at 72°C; thereafter 19 cycles of 30 s at 94°C, 1
min at 55°C, and 1 min at 72°C (increased 5 s each cycle); finally, a primer
extension step of 7 min at 72°C. The products were run on an agarose gels to
confirm the size of the products before DGGE analysis.
DGGE
The polyacrylamide gels (160 x 160 x 1 mm) used were composed of 37.5:1
acrylamide:bisacrylamide (6.5% for nir and nos, and 10% for 16S rDNA) and 1 x
TAE (40 mM Tris-HCl, 20 mM sodium acetate, 1 mM EDTA; pH 7.4). 100%
denaturant was defined as 7 M urea and 40% (vol/vol) formamide (Muyzer et al.,
1993). A gradient maker (GM-40, C.B.S. Scientific Company Inc., Del Mar, CA,
USA) was employed to prepare the different denaturing gradients: 50–80% for
nirK, 60–80% for nirS, 40–80% for nosZ, and 25–65% for 16S rDNA. To
polymerize the gel, 6.9 µl of 100% TEMED and 110.5 µl of 10% ammonium
persulphate were added to 25.6 ml of the gel mix. PCR product (15 µl) was
loaded on the gel and run in 1 x TAE buffer at 62°C and 130 V. The DGGE (BioRad Laboratories Inc., Hercules, CA, USA) was always run for 13.5 h. The bands
were visualized by staining for 1 h with SYBR Gold (Roche Diagnostic GmbH,
Mannheim Germany) diluted 3000-fold in 1 x TAE buffer.
Analysis of DGGE banding patterns
The DGGE banding patterns were analysed using the software Quantity One®
(Bio-Rad Laboratories Inc., Hercules, CA, USA), which has been used by other
investigators for similar analyses (Martinez et al., 2001; Throbäck et al., 2004).
This software allowed us to detect discrete bands on the DGGE gels. The band
migration level on each gel was normalized with PCR products after
amplification of a reference strain (Escherichia coli ATCC25922). Thereafter,
the migration levels of DGGE bands from the eubacterial (16S rDNA) and the
denitrifying bacterial (nirK, nirS and nosZ) communities were normalized,
respectively. To relate the bacterial communities to environmental parameters,
and to be able to compare the denitrifying bacterial enzyme genes, we chose to
study the band structure and band richness of the bacteria. Band structure refers
to the pattern of bands in a gel and was measured by creating similarity matrices
that illustrated the presence/absence of DGGE bands at all defined migration

levels. Richness was measured by counting the number of DGGE bands for each
wetland and gene. The statistical analyses were applied separately to the band
structure and band richness findings for all the different genes. We also chose to
analyse the pooled band richness results for nirK and nirS (nirK+nirS), which we
assumed would represent the major part of the nitrite reduction step in the
denitrification process.
Statistical analysis
We performed four different types of statistical analyses to assess (i) the
composition of bacterial communities, (ii) the variation in environmental
parameters, (iii) band structure in relation to environmental parameters, and (iv)
band richness in relation to environmental parameters.
i. The distribution frequency of band levels was used to compare the
commonness and uniqueness of genes. To measure the similarity of band
patterns among wetlands, we calculated Jaccard similarity (Jaccard,
1912) for all pairwise combinations of wetlands and compared the means
per gene.
ii. Environmental parameters were log(x+1)-transformed, and Z-scores
were calculated (Langenheder and Ragnarsson, 2007) before further
assessment. Principal component analysis (PCA) was applied to show
ordination of environmental parameters (Lepš and Šmilauer, 2003). If the
two parameters in a pair were highly co-linear (inflation factor > 10), one
of them was excluded from analysis. The following four environmental
parameters were excluded because of detected co-linearity: number of
total wetland plants (co-linear with number of submerged, floatingleaved, and emergent plants), total nitrogen and N:P ratio (both co-linear
with nitrate concentration), and nitrate load (co-linear with hydraulic
loading rate).
iii. Band structure was set in relation to environmental parameters by
applying canonical correspondence analysis (CCA) (Lepš and Šmilauer,
2003), which was restricted to band levels that were encountered in at
least three wetlands in order to serve the unimodal model assumptions of
CCA. Two subsequent steps (detection and final model) were carried out
for structural analysis of the eubacterial and denitrifying bacterial genes,
respectively. In the first step, we detected the wetland parameters in the
three groups considered (succession, water chemistry, and morphology)
that were significantly related to band structure; all other environmental
parameters were excluded. In the second step, the significant parameters
from the three groups were entered simultaneously in the final CCA
model. All CCAs were computed using CANOCO 4.5 (ter Braak and
Šmilauer, 2002) and based on interspecies distances and biplot scaling
with 999 Monte Carlo permutation tests done under the reduced model.
iv. Redundancy analysis (RDA; Lepš and Šmilauer, 2003) was applied to
assess the relationship between band richness and environmental

parameters. RDA was computed using CANOCO 4.5 (ter Braak and
Šmilauer, 2002) and based on centered and standardized ecosystem
parameters (reduced model with 999 Monte Carlo permutation tests).
The environmental parameters that were significant in the RDA analysis
were tested for the type of relationship (linear or unimodal) with band
richness by linear and quadratic regressions.
For both multivariate statistics (iii, iv), the eigenvalues of the first two canonical
axes are given as a measurement of their explanatory power (Lepš and Šmilauer,
2003).
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Abstract
In this study the composition of the denitrifying bacterial community among
constructed wetlands in agricultural areas was investigated. Thirty-two
constructed wetlands located in Southern Sweden were surveyed, and biofilm
samples from each were analyzed by applying denaturing gradient gel
electrophoresis, to investigate the community composition of the three
denitrifying bacterial enzyme genes nirK, nirS and nosZ. The DNA sequences of
the enzyme genes were compared to known DNA sequences in GeneBank using
BLAST. The results of the denitrifying bacterial enzyme genes indicated that
these habitats may harbour a heterogeneous denitrifying bacterial community.
Individual analysis of the enzyme genes revealed that nirS was more
heterogeneous than both nirK and nosZ. Most sequences from the present study
clustered with known sequences from species belonging to the group of αProteobacteria, and to a lesser extent with β- Proteobacteria and γProteobacteria, and only nirS clustered with a member of gram-positive bacteria.

Introduction
-

Denitrification is the stepwise reduction of nitrate (NO3 ) to dinitrogen gas (N2),
which leads to a reduction of the more bioavailable NO3 in the environment.
Increased leaking of NO3 from agricultural practices increases the risk of
eutrophication, and concomitant oxygen depletion in freshwater systems and
oceans. One action taken to prevent the transport of bioavailable nitrogen (N)
from agricultural practices has been to restore or recreate wetlands (Biggs et al.,
2005, Stadmark and Leonardson, 2005). Denitrification is the limiting process in
wetlands constructed on agricultural land as the majority of the N enters as NO3
(Bachand and Horne, 2000; Thiere et al., in press). The efficiency with which
each wetland reduces N-transport varies and has previously been associated with
several biotic and abiotic parameters (Fleischer et al., 1994; Weisner et al., 1994;
Lin et al., 2002). However, the denitrifying bacterial community, which is the
key player in denitrification, has only recently started to be examined in, for
example in marine sediments (Braker et al., 2000) and in soil systems (Throbäck
et al., 2004). If and how the community composition of denitrifying bacteria may
affect its function (i.e. denitrification) is not established. Thus, to understand the
role of denitrifying bacterial communities for N-removal in constructed wetlands,
firstly their composition has to be characterised, before the relationship with
denitrification may be understood (Braker et al., 2000; Braker and Tiedje, 2003;
Wallenstein et al., 2006).
The ability to denitrify is a widespread functional trait that can be carried out by
organisms from different taxa. Denitrification is a series of reductions beginning
with nitrate (NO3 ) catalysed by nitrate reductase (encoded by nar and nap), to
nitrite (NO2 ), which is then catalysed by nitrite reductase (encoded by nir) nitric
oxide (NO). Nitric reductase (encoded by nor and qnor) catalyses the reduction
of NO to nitrous oxide (N2O), and the final step is when nitrous reductase
(encoded by nos) catalyses the reduction of N2O to dinitrogen gas (N2). The
denitrifying bacterial community is distinguished from other denitrifiers by the
capacity to catalyse the reduction of nitrite to nitric oxide (Hallin and Lindgren,
1999). One method for analysis of the bacterial community composition is PCRDGGE, for both the 16S rRNA gene and functional gene analyses (Hallin et al.,
2005; Ibekwe et al., 2006; Langenheder and Prosser, 2008). Because the ability
to denitrify is sporadically distributed among different bacterial phyla, which is
not congruent with the general 16S rRNA gene community (Song and Ward,
2003) the use of functional genes is a more appropriate approach than using the
16S rRNA gene, when investigating the denitrifying bacteria. Commonly, only
one or two of the enzyme genes nirK, nirS, norB or nosZ are investigated when
studying the denitrifying bacterial community and assumed to represent the
community composition (Braker et al., 1998; Hallin and Lindgren, 1999; Braker
and Tiedje, 2003; Hannig et al., 2006; Bremer et al., 2007). However, it has been
shown that simultaneous analyses of several denitrifying bacterial enzyme genes

may result in as better or more complete characterization of the community
composition, than analysis of a single individual gene (S. Milenkovski et al.,
unpublished)
Trait-based approaches using functional genes to characterise microbial
community composition offer the promise of advancing ecological theory and
predicting responses to environmental change (Green et al., 2008). However, as
of yet, knowledge regarding how diversity of a bacterial community may affect
the ecosystem efficiency in a changing environment is limited. A long-lived
theory is that an increased biodiversity leads to a more stable ecosystem
functioning (McNaughton, 1977). Functional properties of a community may be
overlapped by different species (i.e. functional redundancy), and the ecosystem
function will have a higher probability of remaining stable. Studies have shown
that increased richness of bacterial species in semi-permanent rainpools increase
ecosystem functioning (Bell et al., 2005), and a diverse soil bacterial community
(16S rRNA gene community) may maintain functional activity better than a less
diverse, after toxicant exposure (Girvan et al., 2005). Thus, a more diverse and
heterogeneous bacterial community may have a higher probabilty to maintain its
function when being disturbed, for example by agricultural pesticides.
The main part of the denitrifying bacterial community belongs to the subclasses
of Proteobacteria, mainly to the three groups, α, β, and γ (Heylen et al., 2007),
but they may also belong to gram-positive bacteria, Bacteroides, Firmicutes and
Actinobacteria. A more heterogeneous denitrifying bacterial community may
have bacterial species belonging to several or all above mentioned groups, while
a less heterogeneous community may have bacterial species belonging only to a
single group (Braker et al., 2000). Soil systems in arable fields have earlier been
shown to harbour diverse communities of nirK, nirS and nosZ (Throbäck et al.,
2004). Thus, since agricultural wetlands are constructed onto similar arable soil
fields, the environmental conditions should be in favour for these constructed
wetlands harbouring a diverse denitrifying bacterial community.
Consequently, before the relationship between structure and function of the
denitrifying bacterial community can be understood, fundamental knowledge of
their composition has to be investigated. The aim of present study was to
characterise the composition of the denitrifying bacterial community, responsible
for N-removal, in agricultural constructed wetlands. We analysed, (1) the
composition of three denitrifying bacterial enzyme genes, and (2) the
heterogeneity of each individual denitrifying bacterial enzyme gene, in 32
agricultural constructed wetlands located in southern Sweden. The denitrifying
bacterial community was analysed by targeting the enzyme genes, nirK, nirS and
nosZ. The bacterial community was analysed with PCR-DGGE technique (Hallin
and Lindgren, 1999), and DGGE bands were sequenced and compared to known
DNA sequences in GeneBank.

Material and Methods
Wetland ecosystems
Thirty-two wetlands, constructed for the purpose of nutrient retention (nitrogen
and phosphorus) in southwest of Sweden, were surveyed during March-October
2004. The wetlands represented nutrient-rich, flow-through freshwater systems
with a permanent water body, and had their location and catchments in an
agriculturally dominated lowland area within 15 km off the coast (57º02’N,
12º23’O to 55º59’N, 13º06’O). Nutrient concentrations of incoming water ranged
from 3.3 to 18.9 mg L-1 for total nitrogen (2.5 to 18.8 mg L-1 nitrate), and from 5
to 318 µg L-1 for total phosphorus. The wetlands were between one and six years
old, covering a size range of 0.1 to 2.1 ha (mean wetland area 0.4 ha), and
average water depth of 0.2 to 3.9 m (mean water depth 1.0 m) at the time of
sampling (for details see Thiere et al., in press).

Experimental setup and biofilm sampling strategy
Heterogeneous constructed wetland environments were sampled, using
polyethylene strips for biofilm development in a similar way in all wetlands, to
minimize variation in the bacterial community composition due to sampling bias.
Five pre-washed polyethylene strips (3.2 m long, 15 mm wide and 0.1 mm thick)
covering both the wetland sediment surface and the water column, were placed in
each wetland, regularly spaced in sites along the main flow channel between
wetland in- and outlet. The horizontal strip (1.6 m) was prepared with weights at
the ends, to keep it integrated in the upper part of the sediment. The vertical strip
(1.6 m) continued from one of the horizontal ends and was afloat at the water
surface by a cork. The strips were left in situ for four weeks (September to
October 2004) for biofilm development. A mean area of 600 cm2 was scraped off
with a pre-washed razor blade from each wetland set of strips, in order to collect
biofilm from each wetland. The biofilm was then collected in sterile eppendorf
vials and excess water was discarded after careful (1500 rpm for 2 min)
centrifugation. The biofilm samples were then stored at 20°C until DNA
extraction.

DNA extraction
Total DNA from biofilm samples from all wetlands was extracted using the
FastDNA® Spin Kit for Soil (Bio 101, Inc., La Jolla, CA, USA). Approximately
0.65 g (wet weight) biofilm sample was diluted with 2*978 µl sodium phosphate
buffer (SPB-buffer supplemented in the kit). The mixture was homogenised with
a blender (DIAX 900 Homogeniser Tool G6, Heidolph, Kelheim, Germany) for 5
min, while kept on ice. 500 µl of the homogenised suspension was diluted with

478 µl SPB-buffer, and thereafter the manufacturer’s protocol was followed. The
50 µl DNA extracts were stored at – 20°C until PCR analysis.

PCR
The primer pairs selected for nirK and nirS were FlaCu:R3Cu and cd3aF:R3cd,
respectively (Throbäck et al., 2004). The primer pair nosZF:nosZ1622R from
Throbäck et al. (2004), used for nosZ, was modified to nosZ11F, 5´- CGY TGT
TCM TCG ACA GCC AG -3´ and nosZ611R, 5´- CGS ACC TTS TTG CCS
TYG CG -3´. A 33-bp GC-clamp, 5´ - GGC GGC GCG CCG CCC GCC CCG
CCC CCG TCG CCC - 3´, was attached to the 5´ end of each of the primers
R3cd, R3cu and nosZ1611R. All primers were purchased from Invitrogen
(Stockholm, Sweden). PCR amplification, using the respective nirS and nirK
primer pairs, was performed according to Throbäck et al. (2004). For the nosZ
primer pair we modified the PCR amplification from Throbäck et al. (2004). The
PCR mixture for nosZ analysis contained 1.33 U Taq polymerase, 5 µl of 10 x
buffer (including 1.5 mM MgCl2; Roche Diagnostic GmbH, Mannheim,
Germany), 200 µM dNTPs, 0.125 µM of each primer, 600 ng µl-1 BSA, and 2 µl
template DNA, in a 50 µl mixture. The PCR amplification for nosZ included an
initial denaturing step for 15 min at 95°C; followed by 10 cycles of 30 s at 94°C,
1 min at 66°C (decreased 1°C per cycle) and 1 min at 72°C, thereafter 30 cycles
of 30 s at 94°C, 1 min at 56°C, and 1 min at 72°C, and finally, a primer extension
step of 10 min at 72°C. All PCR-reactions were performed on a PTC-100TM
thermal cycler (MJ Research Inc., San Fransisco, CA, USA), followed by agarose
gel electrophoresis analysis, in order to confirm the size of the products.

Denaturing gradient gel electrophoresis (DGGE) and nucleotide
sequencing
Polyacrylamide gels (160x160x1) mm were composed of 37.5:1
acrylamide:bisacrylamide (6.5% acrylamide) and 1 x TAE (40 mM Tris-HCl; 20
mM sodium acetate; 1 mM EDTA, pH 7.4). 100% denaturant was defined as 7 M
urea and 40% (vol/vol) formamide (Muyzer et al. 1993). The denaturing
gradients, 50-80% for nirK, 60-80% for nirS, and 40-80% for nosZ, were
prepared with a gradient maker (GM-40, C.B.S. Scientific Company Inc., Del
Mar, CA, USA). To polymerise the gel, 6.9 µl 100% TEMED, and 110.5 µl 10%
ammonium persulphate, were added to 25.6 ml gelmix. 15 µl PCR-product was
loaded on the gel and run in 1 x TAE buffer at 62°C and 130 V. The DGGE (BioRad Laboratories Inc., Hercules, CA, USA) was always run for 13.5 h. The bands
were visualised by staining for 1 h with SYBR Gold (Roche Diagnostic GmbH,
Mannheim Germany), diluted 3000-fold in 1 x TAE buffer.
All visible DGGE bands in the UV transillumination were cut out from each gel.
The bands were placed in 160 ml of sterile dH2O and stored at (-70°C). DNA was

eluted from the samples by a freeze and thawing procedure (1 h at 20°C, 1 h at
70°C, and 4 h at 4°C), and was reamplified using 5 ml of the eluted DNA as a
template in PCR amplification with CTO primers without the GC-clamp.
Afterwards, the PCR products were vacuum dried and diluted with 25µl 1 X TBE
buffer and sequenced based on Big Dye chemistry by Macrogen Inc. (Seoul,
South Korea).

Analysis of DGGE banding pattern
The DGGE banding patterns were analysed using the software Quantity One®
(Bio-Rad Laboratories Inc., Hercules, CA, USA), which have earlier been used
for similar analyses (e.g. Throbäck et al. 2004). DGGE band migration levels on
each gel were normalised with PCR-products after amplification of the reference
strain Escherichia coli ATCC25922. Thereafter, migration level of DGGE bands
from the three denitrifying bacterial communities (nirK, nirS and nosZ) was
normalised. To compare DGGE band structure we created similarity matrices,
which illustrate absence/presence of DGGE bands at all defined migration levels.
To measure the number of bands detected for each enzyme gene, DGGE bands
were counted in each lane in the gels.

Statistical analysis and phylogenic analysis of the nucleotide sequences
Nucleotide sequences were aligned using the CLUSTAL W software
(www.ebi.ac.uk/clustalw/). The sequences were compared to denitrifying
bacterial gene sequences of equivalent length from the GeneBank (NCBI)
database using the BLAST (Basic Local Alignment Search Tool; NCBI)
(www.ncbi.nlm.nih.gov/BLAST/). A model test (Posada and Crandall, 1998) was
used to recognize which maximum-likelihood (ML) model fitted the sequences
best. A phylogenetic tree was constructed using heuristic search with PAUP* 4.0
(Sinauer Associates, Inc. Publishers, USA). To validate the trees, 100 bootstrap
replicates were performed using the LUNARC computer cluster
(http://www.lunarc.lu.se) at Lund University, Sweden. We also constructed trees
using maximum-parsimony PAUP* 4.0 for each denitrifying bacterial enzyme
gene, which illustrated similar branching as the ML trees (data not shown). The
phylogenetic trees were divided into three to nine clusters, which are marked by
roman numerals in the phylogenetic trees. The clusters were divided based on the
distance measured in the branch length, because several clusters were not
supported by the bootstrap analyses. The maximum distance between two
nucleotide sequences in the phylogenetic trees within the clusters is less than
45% nucleotide substitutions, which is approximately eight times the indicated
scale bar. Similar cluster divisions have been shown in earlier studies on
denitrifying bacterial enzyme genes (Braker et al., 2000; Throbäck et al., 2004).

Nucleotide sequence accession number
The partial nucleotide sequences obtained in this study are available in the
GeneBank database under accession numbers XXXX to XXXX.

Results & Discussion
DNA extraction and PCR amplification
DNA from biofilm samples was successfully extracted from each of the 32
constructed wetlands. PCR amplification, using the primer pairs encoding parts
of nirK, nirS and nosZ yielded products of expected size from all samples; 480
bp, 450 bp, and 420 bp, respectively (data not shown).

Analysis of nirK, nirS and nosZ sequences obtained after amplification
with group specific PCR-primers by DGGE and nucleotide sequencing
The DGGE analysis of the PCR products resulted in 28, 25, 21 and 53 band
migration levels of the denitrifying enzyme genes nirK, nirS, nosZ and
(nirK+nirS), respectively. The total number of DGGE bands detected from all
wetlands for each of the enzyme genes was slightly higher for both nirS and nosZ
than for nirK. In the phylogenetic tree, 38 sequences from our study together
with 17 sequences obtained from Genebank represented the nirK community.
The nirS community was represented by 58 sequences from our study together
with 8 sequences obtained from GeneBank, while the nosZ community was
represented by 37 sequences from our study together with 12 sequences obtained
from GeneBank. Sequences of nirK were more similar to bacterial sequences
obtained from the GeneBank than nirS and nosZ sequences (Fig 1). Our results
suggest higher heterogeneity of the total (nirK+nirS) nitrite reductase community
composition, than for the nosZ community. Hence, the nirK+nirS had higher
number of DGGE bands, higher number of band migration levels, and more
diverse matches from the GeneBank results. A higher bacterial diversity
(richness and structure) increases the probability of supporting a functional trait
after disturbances (Bell et al., 2005; Girvan et al., 2005), implying that the nitrite
reductase step (nir) may be less sensitive to disturbances than the nitrous
reductase step (nos) in agricultural constructed wetlands.

Composition of denitrifying bacterial enzyme genes in constructed
wetlands

The results from the three denitrifying bacterial enzyme gene sequences showed
that agricultural constructed wetlands harbour a heterogeneous community,
corroborating previous results from soil systems (Priemé et al., 2002; Throbäck
et al., 2004). The enzyme gene nirS had the most heterogeneous community,
while the enzyme gene nosZ had the least heterogeneous community. The three
denitrifying bacterial enzyme genes in our study together with sequences
retrieved from GeneBank showed clustered phylogenetic trees, where our
sequences could be found in the majority of the clusters (Figs 1, 2 and 3).
Overall, members of the α-Proteobacteria were dominant with representatives in
several clusters in the three phylogenetic trees, followed by members of the βProteobacteria, and thereafter by members of the γ-Proteobacteria (Figs 1, 2 and
3). The same order, α, β, and then γ, of Proteobacteria have been suggested in
earlier studies investigating the denitrifying bacterial enzyme gene(s) (Braker et
al., 2000; Avrahami et al., 2002; Priemé et al., 2002; Throbäck et al, 2004;
Bremer et al., 2007). However, not all sequences obtained in the present study
clustered close to members of Proteobacteria. Therefore, some clusters in the
phylogenetic trees are exclusively represented by sequences obtained in the
present study (hereafter referred to as unspecific Proteobacteria clusters).
Overall, our study suggests that the denitrifying bacterial community in
agricultural constructed wetlands is as heterogeneous as previous communities
described from soil systems, when comparing the clustering of the phylogenetic
trees (Throbäck et al., 2004).

Heterogeneous communities of each individual denitrifying bacterial
enzyme gene
When we studied the separate denitrifying bacterial enzyme genes, sequences
representing nirS exhibited a more heterogeneous community than nirK and
nosZ (Figs 1, 2 and 3). The enzyme gene nirS clustered close to members of all
three groups of α-, β-, γ-Proteobacteria, but also close to a member of grampositive bacteria (Fig 2). The enzyme genes nirK and nosZ only clustered close
to members of α-Proteobacteria (Figs 1 and 3). However, the unspecific
Proteobacteria clusters of each phylogenetic tree are disregarded when analysing
this result, because more similar known sequences, in comparison to the
sequences in the presents study, were not obtained through GeneBank. Both nirK
and nosZ exhibited more unspecific Proteobacteria clusters in their phylogenetic
trees than nirS. More specifically, the phylogenetic tree of nirK had seven
clusters that could be distinguished (Fig 1). The nirK sequences, clustered close
to members of α-Proteobacteria (Fig 1, clusters I, II, III, IV). The known
denitrifying bacterial species belonging to α-Proteobacteria, which clustered
close to the nirK sequences in this study were, Rhodobacter sphaeroides forma
sp. denitrificans (α), Mesorhizobium sp. (α), Rhizobium sp. (α), Blastobacter
denitrificans (α) and Bradyrhizobium japonicum (α).
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Figure 1. Phylogenetic tree of the partial nirK gene sequences (marked in bold) (based on
a partial DNA fragment of 315 bp) analysed with maximum likelihood statistical method
performed with 100 bootstraps. Bootstrap values higher than 50 are shown. The scale bar
indicates 5% nucleotide substitutions. Denitrifying bacterial strains from the GeneBank
are indicated by α, β, γ for Proteobacteria affiliation. Seven clusters were identified I –
VII.

The phylogenetic tree of nirS had four distinguished clusters (Fig 2). Not only
known bacterial species belonging to α-, β-, and γ-Proteobacteria clustered close
to the sequences of the present study, but also a gram-positive bacterial species
(Fig 2, cluster II). The known Proteobacteria denitrifying bacterial species which
clustered close to the nirS sequences in this study were, Paracoccus denitrificans
(α), Paracoccus pantotrophus (α), Roseobacter denitrificans (α), Ralstonia
eutropha (β), Kocuria varians (gram+), Pseudomonas fluorescens (γ),
Pseudomonas lini (γ) (Fig 2).
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Figure 2. Phylogenetic tree of the partial nirS gene sequences (marked in bold) (based on
a partial DNA fragment of 276 bp) analysed with maximum likelihood statistical method
performed with 100 bootstraps. Bootstrap values higher than 50 are shown. The scale bar
indicates 5% nucleotide substitutions. Denitrifying bacterial strains from the GeneBank
are indicated by α, β, γ for Proteobacteria affiliation, and by gram+ for gram-positive
bacteria affiliation. Three clusters were identified I – III.

Nine clusters are representing the phylogenetic tree of nosZ (Fig 3). However,
few nosZ sequences from this study clustered with known bacterial sequences
(Fig 3, clusters I and II). The known bacterial sequences in clusters I and II,
which clustered close to the nosZ sequences in present study were,
Ochrobactrum anthropi (α), Rhizobium meliloti (α), Azospirillum lipoferum (α),
Azospirillum sp. (α), Azospirillum halopraeferens (α) (Fig 3).

61

Pseudomonas fluorescens C7R12 (AF197468) γ
NoZ38xW
Ochrobactrum anthropi LMG 3331 (AY072229) α
100
Rhizobium meliloti JJ1c10 (U47133) α
NoZ22nW
100
NoZ49acW
Azospirillum
lipoferum DSM1691 (AF361793) α
66
Azospirillum sp.
. A1-3 (AY074762) α
78
Azospirillum halopraeferens DSM3675 (AF361794) α
Achromobacter xylosoxidans NCIMB 11015 (AY072227) β
NoZ24nW
NoZ50acW
NoZ19kW
NoZ21mW
NoZ11fW
91
NoZ9fW
67
58
NoZ10fW
NoZ17hW
97 NoZ18jW
NoZ5dW
NoZ41xW
NoZ39xW
NoZ37xW
NoZ36uW
NoZ35tW
NoZ25nW
NoZ32qW
52 98 NoZ23nW
NoZ55aeW
88 NoZ30pW
NoZ57aeW
NoZ48abW
96 NoZ15gW
NoZ43yW
NoZ3dW
NoZ29pW
NoZ28pW
NoZ42yW
NoZ14gW
NoZ56aeW
52
NoZ54aeW
82
NoZ4dW
NoZ40xW
NoZ2cW
73
NoZ16hW
NoZ46zW
96
NoZ45zW
NoZ44zW
NoZ6eW
NoZ33rW
NoZ53adW
NoZ34rW
NoZ20kW
NoZ7eW
82
NoZ58acW
NoZ52acW
NoZ47abW
NoZ51acW
NoZ13gW
NoZ12gW
NoZ31qW
NoZ1aW
NoZ8eW
Rhodobacter sphaeroides IL 106 (AF125260) α
100 Paracoccus denitrificans Pd1222 (AJ010260) α
Paracoccus denitrificans NL1B8944 (X74792) α
99
100 Achromobacter cycloclastes (X94977) β
Achromobacter cycloclastes (Y15161) β

I

II

III

IV

81

V

VI

VII

VIII

IX

0.05

Figure 3. Phylogenetic tree of the partial nosZ gene sequences (marked in bold) (based on
a partial DNA fragment of 309 bp) analysed with maximum likelihood statistical method
performed with 100 bootstraps. Bootstrap values higher than 50 are shown. The scale bar
indicates 5% nucleotide substitutions. Denitrifying bacterial strains from the GeneBank
are indicated by α, β, γ for Proteobacteria affiliation. Nine clusters were identified I – IX.

Previous studies have concluded that the enzyme genes nirS and/or nirK and/or
nosZ represent heterogeneous bacterial communities in terrestrial soil systems
(Avrahami et al., 2002; Prieme et al., 2002; Throbäck et al, 2004; Bremer et al.,
2007), and in a marine sediment systems (Braker et al., 2001), but with a less
heterogeneous composition of the enzyme gene nirK (Braker et al., 2000).
Independent of habitat, the sequences representing the denitrifying bacterial
community more often clustered close to members of α-Proteobacteria. In
contrast, when analysing denitrifying bacteria from a municipal waste-water
treatment plant, the majority of the isolate clustered close to members of βProteobacteria (Heylen et al., 2006a). Studies made with isolates from Heylen et
al. (2006a) showed that the enzyme genes nirK and cnorB (encoding for nitric
oxide reductase) more often clustered to members of α-Proteobacteria, while the
nirS more often clustered to members of β-Proteobacteria (Heylen et al., 2006b;
Heylen et al., 2007). Samples from waste-water treatment plant systems may
differ from environmental samples due to the controlled conditions of the
surrounding environment in the former system. A controlled system will be less
influenced by stochastic effects, which have a large impact on shallow freshwater
systems (Kadlec, 1997). The results from studies on waste-water treatment
systems may therefore be difficult to extrapolate to environmental samples.
Hence, it may be that bacterial communities in environmental ecosystems are
driven to a more heterogeneous composition by adapting to disturbances, than
bacterial communities in controlled systems. Our result suggests that the
denitrifying bacterial enzyme gene nirS was the most heterogeneous of the three
studied enzyme genes in agricultural constructed wetlands. However, this result
may change if more knowledge would be available for the unspecific
Proteobacteria clusters. To reduce this potential bias, more studies of the
denitrifying bacterial enzyme genes are needed in order to develop and increase
the number of sequences and information found in GeneBank.

Dominant denitrifying bacterial species in constructed wetlands
Our study showed that within the DGGE gels, one dominant band at the same
migration level was found for each of the denitrifying bacterial enzyme genes,
indicating common bacterial species that may catalyse each of the studied N
transformations represented by the enzyme genes among the constructed
wetlands (data not shown). The sequences of the dominant band in the nirK
community were suggested to belong to α-Proteobacteria in the groups I, IV or
in the unspecific Proteobacteria group VI (Fig 1). In the nirS community the
sequences of the dominant band was suggested to belong to unspecific
Protoebacteria group IV (Fig 2), while the sequences were suggested to belong
to the unspecific Proteobacteria groups IV, V and VIII for the nosZ community
(Fig 3). Further studies are needed to determine the origin of the detected
dominant bands and to gain knowledge of which common bacterial species they

represent in the habitats. With such knowledge, the efficiency in actively
expressing the enzyme genes may be determined for the common denitrifying
bacterial species, and as a result, we may come a step closer to understanding the
relationship between bacterial structure and function in constructed wetlands.

Conclusions
Our study shows that the community composition of the denitrifying bacterial
enzyme genes was as heterogeneous among studied agricultural constructed
wetlands as it has been shown to be in arable soil (Throbäck et al., 2004). The
enzyme gene nirS exhibited the most heterogeneous community, whereas the
enzyme gene nosZ exhibited the least heterogeneous community. Partial
nucleotide sequences from the present study often clustered close to members of
α-Proteobacteria, thereafter to members of β-Proteobacteria, members of γProteobacteria, and finally to gram-positive bacteria. The enzyme genes,
representing the nitrite reduction (nirK+nirS) step, showed a higher number of
DGGE bands, higher number of band migration levels, and more heterogeneous
communities, than the nitrous oxide reduction step (nosZ). Dominant DGGE
bands were found for each denitrifying bacterial enzyme gene, suggesting some
bacterial species prevalent in the habitat of agricultural constructed wetlands. Our
results suggest that agricultural constructed wetlands may harbour a diverse and
heterogeneous community of denitrifying bacteria. Understanding of the
variation (i.e. diversity and heterogeneity) of the denitrifying bacterial
community is essential for future efforts to link structure to ecosystem
functioning of the constructed wetlands.
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Abstract
The aim with present study was to assess whether environmentally relevant
concentrations of different pesticides may affect the structure and/or function of
bacterial communities in constructed wetlands (CWs). Effects of the insecticide
pirimicarb, the herbicide glyphosate, and the fungicide propiconazole, on
eubacterial and denitrifying bacterial community composition, and potential
denitrification rates, were tested in microcosm set-ups with natural sediment
from a CW situated in an agricultural area in the south of Sweden. PCR-DGGE,
targeting the eubacterial 16S rRNA gene, and the functional enzyme gene nosZ,
were used to measure changes in eubacterial, and denitrifying bacterial
community structure, respectively, and potential denitrification rates were
measured using the isotope 15N pairing technique. Pesticide-induced changes
were observed in the eubacterial community structure, while no changes were
observed in the denitrifying community structure. Denitrification was inhibited in
the propiconazole treatments, however, no concentration-response relationship
could be observed. Glyphosate and pirimicarb did not affect denitrification at
environmentally relevant concentrations. Our study showed no consistent,
negative effects of these, commonly used agricultural pesticides on the microbial
community involved in the nitrogen removal in CWs.

1. Introduction
During the last decades, programmes for restoring and recreating wetlands have
independently been initiated world wide, in order to reduce further nutrient and
pollutant transport to freshwater systems, coastal areas, and oceans (Zedler,
2003; 2004; Moreno-Mateos et al., 2008). In agricultural areas, constructed
wetlands (CWs) have been extensively developed with the main purpose of
removing excess nitrogen, thus reducing eutrophication of associated aquatic
environments (Biggs et al., 2005; Stadmark and Leonardsson, 2005). Nitrogen
removal in wetlands occurs through direct assimilation by plants, and through
microbial nitrification and denitrification. Denitrification, a stepwise reduction of
nitrate (NO3 ) to dinitrogen gas (N2), mainly performed by bacteria (Hallin and
Lindgren, 1999), is the limiting process of nitrogen removal in agricultural CWs,
due to the typically high loads of NO3 (Bachand and Horne, 2000; Seitzinger et
al., 2006). Thus, the efficiency of nitrogen removal in these CWs is highly
dependent on the structure and function of the denitrifying bacterial community
(Enwall et al., 2005; 2007).
Aquatic environments in the agricultural landscape are also exposed to several
pesticides of different kinds, and active ingredients of herbicides, insecticides and
fungicides are regularly detected in surface waters in these areas (Kreuger et al.,
1999; Haarstad and Braskerud, 2005). Although many pesticides have designated
target organisms, due to specific modes of action, several may have more general
toxic effects on non-target organisms, like bacteria (Engelen et al., 1998; Johnsen
et al., 2001) and, may affect aquatic bacterial communities at environmentally
relevant concentrations (Wang et al., 2004; Knapp et al., 2005). Thus, there is a
need for assessing potential impairment of the intended nitrogen removal in
CWs, by pesticide exposure, or specifically, if environmental concentrations of
different groups of pesticides may affect CW denitrification rates, through toxic
effects on the denitrifying bacterial community.
Microbial toxicity testing on a community level provides an attractive alternative
to the more routinely performed single-species toxicity tests, and the advantages
of testing natural microbial assemblages in microcosm experiments have been
advocated (Brandt et al., 2004; Rohr et al., 2006; Sundbäck et al., 2007;
Widenfalk et al., 2008). However, there are associated difficulties with the
interpretation of results, concomitant with the increased complexity and
relevance of these toxicity tests. Particularly for longer incubation times,
stochastic effects may decrease the predictive ability, and recorded changes in
community compositions may not necessarily be related to toxic effects. Ideally,
the effects of exposure on a combination of functional and structural endpoints of
the microbial community should be assessed. Structural endpoints may reveal
changes in community composition, obscured in single species tests or functional
endpoint analyses due to the inherent functional redundancy of bacteria, i.e., the

ability of tolerant species to compensate for loss of functions associated with
more sensitive ones (Girvan et al., 2005). The denitrifying bacterial community is
very diverse (Braker et al., 1998), hence, functional redundancy very likely, and
functional endpoints may therefore be less sensitive than structural for this group.
Cultivation-independent molecular techniques that enable assessment of
microbial community composition have been made available during the last
decade. One regularly used method for analyses of the bacterial community
composition is PCR-DGGE, both for 16S rRNA gene, and functional gene
analyses (Hallin et al., 2005; Ibekwe et al., 2006; Langenheder and Prosser,
2008). As the ability to denitrify is sporadically distributed among different
bacterial phyla, which is not congruent with the general 16S rRNA gene
community (Song and Ward, 2003) the use of functional genes may be a more
suitable approach when assessing effects on the denitrification community in
CWs. However, complementary analysis of the 16S rRNA gene, characterizing
the bacterial community on a different scale, may provide a broader overview
(Dahllöf, 2002). Denitrifying bacterial community composition has successfully
been analysed in environmental samples by targeting functional genes encoding
for enzymes involved in different steps of the denitrification pathway, such as
nirS and nirK, encoding nitrite reductases, catalyzing the reduction of nitrite to
nitric oxide, and nosZ, encoding nitrous oxide reductase, catalyzing the last step
in the pathway, reduction of nitrous oxide to dinitrogen gas (e.g. Throbäck et al
2004).
Recently, studies have addressed structure-function relationships in the
denitrifying bacterial community using molecular techniques targeting functional
genes (Cavigelli and Robertson, 2000; Rich and Myrold, 2004; Enwall et al.,
2005; Kjellin et al., 2007). However, some studies have related diverging
structural and functional traits of the denitrifying bacterial community (Cavigelli
and Robertson, 2000; Rich and Myrold, 2004; Enwall et al., 2005). Studies of the
relationship between function and structure should, ideally, characterize both
traits with measures on the matching bacterial community. Studies of
denitrification rates have commonly analyzed the potential amount of produced
nitrous oxide (e.g. Kozub and Liehr, 1999; Sirivedhin and Gray, 2006, Kjellin et
al., 2007), or, to a lesser extent, dinitrogen gas (Nielsen, 1992, Rysgaard et al.,
1993, Svensson, 1998). However, since an unknown amount of the denitrifying
bacterial community is lacking the code to transcript the enzyme gene nosZ, a
minor part of the nitrous oxide will not be reduced to dinitrogen gas. This has to
be considered as a bias when estimating the potentially produced nitrous oxide in
comparison to dinitrogen gas. In this study we chose to target the functional gene
nosZ as a structural endpoint representing the denitrifying bacterial community,
and to measure potential production of dinitrogen gas as a functional endpoint
representing CW efficiency, to avoid mismatches between structure and function
measurements.

The aim with present study was to examine if environmentally relevant
concentrations of active ingredients from three pesticides, targeting different
organisms (the insecticide pirimicarb, the herbicide glyphosate, and the fungicide
propiconazole), may affect the structure and/or function of bacterial communities
in constructed wetlands. Natural CW sediment microbial communities were
exposed to pesticides in a sediment/water microcosm experimental set-up. We
assessed whether pesticide exposure affected (1) the potential denitrification rate,
(2) part of the denitrifying bacterial community composition, and in addition, (3)
the eubacterial community composition. The isotope (15N) pairing technique
(Svensson, 1998) was used to analyse potential production of dinitrogen gas, as
the functional endpoint of the denitrifying bacterial community. We used PCRDGGE technique (Hallin and Lindgren., 1999) targeting the enzyme gene nosZ
as the structural endpoint of the denitrifying bacterial community, and the
eubacterial 16S rRNA gene as a structural endpoint of the total bacterial
community.

2. Materials and methods
2.1. Site description and sampling
Sediment was collected from a constructed wetland outside Vinberg, in the
southwest of Sweden (56°55′N, 12°33′E) in April 2006. The wetland was
constructed 2002 in an agricultural landscape, and has an area of 6500 m2 and an
average depth of 1 m. Surface water temperature was 13°C, and pH was 7.3
during the day of sampling. Sediment was sampled from the main flow path in
the center of the wetland. Sediment cores, of 2-10 cm depth plus 5 cm of
overlaying water, were sampled with pre-washed polyethylene cylinder core
samplers, and pooled in a larger, pre washed polyethylene container. Sediment
and water were kept dark, and on ice during transportation (6 hrs) to the
laboratory. Upon arrival to the laboratory, the sediment slurry was sieved through
a 1 mm mesh to remove larger materials. Subsamples were taken to determine,
water content of the sediment, 58.8 ± 0.6% (n=6, 105°C, over night) and organic
matter content, measured as loss on ignition, 9.3 ± 0.5% (n=6, 550°C for 2 h).
The sediment was kept dark at 13°C until the start of the microcosm experiments.
2.2. Pesticides
Three active ingredients of pesticides, pirimicarb (Cas no. 23103-98-2),
glyphosate (Cas no. 38641-94-0) and propiconazole (Cas no. 60 207-90-1)
(Ehrenstorfer Reference standards, determined purity ≥ 97%) were used in the
microcosm experiments. These pesticides were chosen as they are commonly
applied, in large quantities to agricultural fields worldwide. Three concentrations,
low, intermediate, and high, of each pesticide were used in the experiments,

except for propiconazole where we also used an additional, very high
concentration, intended as a positive control. The intermediate concentration of
each pesticide represented the maximum permissible concentration (MPC)
(Crommentuijun et al., 2000) according to assessments by the Swedish Chemical
Agency (www.kemi.se). The low concentration was 100 times lower than the
MPC, and the high 100 times higher than the MPC. The additional very high
concentration of propiconazole was 15 000 times the MPC. The nominal
concentrations were, for pirimicarb 0.006, 0.06, and 6 µg/L, for glyphosate 0.1,
10, and 1000 µg/L, and for propiconazole 0.7, 7, and 700 µg/L with the
additional concentration of 105 mg/L. Microcosms were filled with sediment and
water, with a mean sediment volume of 0.6 mL. Nominal pesticide
concentrations were calculated by Cnom = (Cstock * Vstock)/(Vsed + Vwater + Vstock),
where Cstock is the concentration of the stock solution of the active ingredient,
Vstock is the volume of added stock solution, Vsed and Vwater are the volumes of the
added sediment and water to the microcosms, respectively. Artificial lakewater
was added to give the total volume of 12 mL in each microcosm. Stock solutions
of all pesticides were prepared in milliQ-water and stored dark for two days at
4°C.
2.3. Experimental setup
The microcosms, 12 mL glass vials (Labco Limited, UK), were filled with 0.9 g
wet weight of sediment using a pipette. Before addition, the sediment slurry was
gently homogenized by stirring. Then, the microcosms were completely filled
(avoiding gas bubbles) with artificial lake water (Lehman, 1980), prepared with
respective pesticide and enriched with nitrogen (N) as KNO3 and carbon (C) as
CH3COONa, to achieve a 1:5 ratio of N:C (Ingersoll and Baker., 1998, Xia et al.,
2008). To avoid limitation of C and N during incubation, 3 mg L-1 of N, and 15
mg L-1 of C, were added to each microcosm (S. Milenkovski et al., unpublished
data). All liquids were bubbled with nitrogen gas for 20 min before they were
added to the microcosms to generate an anaerobic environment resembling
natural wetland conditions. Controls without added pesticides and microcosm
with only milliQ-water were also prepared. The values of the controls were used
to compare with the values of the pesticide treatments, and the values of the
milliQ-water microcosms were used to estimate the background value of nitrous
oxide. For the toxicity tests, two separate sets of microcosms were prepared for
each pesticide and concentration, n=5 for potential denitrification measurements,
and n=3 for molecular analysis. Potential denitrification was measured after 10h,
and after 70h, using two separate microcosm sets, while molecular analysis was
performed after 70h incubation on a separate microcosm set. Microcosms
incubated for 70h were enriched a second time, after 35h, with N and C, with the
same amounts as described earlier. The microcosms were kept dark at 13°C
during incubation.
2.4. DNA extraction

Total DNA from the sediment slurry was extracted using the FastDNA® Spin Kit
for Soil (Bio 101, Inc., La Jolla, CA, USA). Approximately 0.2 g (wet weight)
sediment sample was diluted with 978 µl sodium phosphate buffer (SPB-buffer
supplemented in the kit). The mixture was homogenised with a blender (DIAX
900 Homogeniser Tool G6, Heidolph, Kelheim, Germany) for 5 min, while kept
on ice. 500 µl of the homogenised suspension was diluted with 478 µl SPBbuffer, and thereafter the manufacturer’s protocol was followed. The 50 µl DNA
extracts were stored at – 20°C until PCR analysis.
2.5. PCR
The primer pair nosZF:nosZ1622R from Throbäck et al. (2004), used to detect
nosZ sequences, was modified to, nosZ11F: 5´- CGY TGT TCM TCG ACA
GCC AG - 3´ and nosZ611R: 5´- CGS ACC TTS TTG CCS TYG CG - 3´. A 33bp GC-clamp, 5´ - GGC GGC GCG CCG CCC GCC CCG CCC CCG TCG CCC
- 3´, was attached to the 5´ end of nosZ1611R. The primers were purchased from
Invitrogen (Stockholm, Sweden). PCR amplification for the nosZ primer pair
were modified from the PCR amplification from Throbäck et al., (2004). The
PCR mixture for nosZ analysis contained 1.33 U Taq polymerase, 5 µl of 10 x
buffer (including 1.5 mM MgCl2; Roche Diagnostic GmbH, Mannheim,
Germany), 200 µM dNTPs, 0.125 µM of each primer, 600 ng µl-1 BSA, and 2 µl
template DNA, in a 50 µl mixture. The PCR amplification for nosZ included an
initial denaturing step for 15 min at 95°C; followed by 10 cycles of 30 s at 94°C,
1 min at 66°C (decreased 1°C per cycle) and 1 min at 72°C, thereafter 30 cycles
of 30 s at 94°C, 1 min at 56°C, and 1 min at 72°C, and finally, a primer extension
step of 10 min at 72°C. All PCR-reactions were performed on a PTC-100TM
thermal cycler (MJ Research Inc., San Fransisco, CA, USA), followed by agarose
gel electrophoresis analysis in order to confirm the size of the products.
To analyse the eubacterial community, the primer pair GM5F and DS907R,
targeting the 16S rDNA, was used (Teske et al., 1996). Same 33-bp GC-clamp as
described above was attached to the 5´ end of GM5F. The 50 µl PCR-mixture
consisted of 1.33 U Taq polymerase, 5 µl of 10 x buffer (including 1.5 mM
MgCl2; Roche Diagnostic GmbH, Mannheim, Germany), 200 µM dNTPs, 0.25
µM of each primer and 5 µl template DNA. The PCR amplification started with
an initial denaturing step for 2 min at 94°C; followed by 9 cycles of 30 s at 94°C,
1 min at 55°C and 1 min at 72°C; thereafter 19 cycles of 30 s at 94°C, 1 min at
55°C, and 1 min at 72°C (increased 5 s each cycle); and finally, a primer
extension step of 7 min at 72°C. The products were run on an agarose gels to
confirm the size of the products before DGGE analysis.

2.6. DGGE

Polyacrylamide gels (160x160x1) mm were composed of 37.5:1
acrylamide:bisacrylamide (6.5% for nos, and 10% for 16S rDNA) and 1 x TAE
(40 mM Tris-HCl; 20 mM sodium acetate; 1 mM EDTA, pH 7.4). 100%
denaturant was defined as 7 M urea and 40% (vol/vol) formamide (Muyzer et al.,
1993). The different denaturing gradients, 40-80% for nosZ and 25-65% for 16S
rDNA, were prepared with a gradient maker (GM-40, C.B.S. Scientific Company
Inc., Del Mar, CA, USA). To polymerise the gel 6.9 µl of 100% TEMED, and
110.5 µl of 10% ammonium persulphate, were added to 25.6 ml gelmix. 15 µl
PCR-product was loaded on the gel and run in 1 x TAE buffer at 62°C and 130
V. The DGGE (Bio-Rad Laboratories Inc., Hercules, CA, USA) was always run
for 13.5 h. The bands were visualised by staining for 1 h with SYBR Gold
(Roche Diagnostic GmbH, Mannheim Germany), diluted 3000-fold in 1 x TAE
buffer.
2.7. Analysis of DGGE banding patterns
DGGE banding patterns were analysed using the software Quantity One® (BioRad Laboratories Inc., Hercules, CA, USA), which has been used for similar
analyses (Throbäck et al., 2004). This software allowed us to detect discrete
bands on the DGGE gels. The band migration level on each gel was normalized
with PCR products after amplification of a reference strain (Escherichia coli
ATCC25922). Thereafter, the migration levels of DGGE bands from the
eubacterial (16S rDNA) and the denitrifying bacterial (nosZ) communities were
normalized, respectively. To detect responses of the structural endpoint of the
bacterial communities after pesticide treatment, we chose to study band structure,
richness and intensity. Band structure refers to the pattern of bands in a gel and
was measured by creating similarity matrices illustrating presence/absence of
DGGE bands at defined migration levels. Band richness was determined by
counting all detected bands in each DGGE lane. The DGGE band structure and
intensity, of the 16S rRNA gene, were only analysed in the gel part where actual
community change could be detected, while band richness were counted of the
entire lanes. Band intensities were analysed using the software Quantity One®.
2.8. Denitrification analysis
The microcosms, including both the sediment and water column, were sampled
for denitrification measurements according to the isotope pairing technique
(Nielsen, 1992). After 10h and 70h of microcosm incubation, 2 ml of the
microcosms water phase were replaced with helium. Thereafter the samples were
vigorously shaken and 100 µl of gas sample was injected in a gas chromatograph
in line with an isotope-ratio mass spectrometer (Hewlett-Packard 4100, GCMS),
for 15N-labelled dinitrogen pairs, 14N15N or 15N15N, formed by denitrification
(Nielsen, 1992).

The rates of denitrification per cm3 and h were estimated using the 15N isotope
pairing technique (Nielsen, 1992). The production of the single-labelled (14N15N)
and double-labelled (15N15N) nitrogen pairs represents the net fluxes of
denitrification. These are used to calculate d15 and d14, which are the rates of
denitrification of 15NO3 and 14NO3, respectively (Nielsen, 1992).
d15 = (14N15N) + 2(15N15N)
d14 = [d15(14N15N)] / 2(15N15N)
potential denitrification = (d14 + d15) – mean background value

2.9. Statistical analysis
To analyse if the pesticide treatments affected the denitrification rate (used as
dependent variable) after 10 h and/or 70h, we conducted a two-way ANOVA
(SPSS version 14.0) to test differences between pesticide treatment and controls.

3. Results
DNA from the sediment samples was successfully extracted from all treatments.
The PCR amplification using the primer pairs encoding parts of 16S rRNA and
nosZ yielded products of expected size from all samples; 550 bp for 16S rRNA
gene and 420 bp for nosZ. The values of the band intensities could not be
estimated by using the Quantity One due to failure when comparing different gels
of the same gene, 16S rRNA and nosZ, respectively. The only intensity measures
that were estimated in present study were then increased, decreased or similar
intensity between the DGGE bands of the controls and the pesticide treatments
(Figs 2 and 3).
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Figure 1. Effect of pesticide exposure on potential denitrification (N2) rate. Nutrient
solution (C and N) was added to the microcosms. Potential denitrification rate was
measured after 10h (white bars) and 70h (grey bars) incubation. The tested pesticides
were the insecticide pirimicarb, the herbicide glyphosate, and the fungicide
propiconazole. Numbers 1-4 indicate increasing conentration, where 1 is MPC/100, 2 is
MPC, 3 is MPC*100, and 4 is MPC*15 000. Two pesticide treatments were significantly
lower than the controls after 70 h incubation, propiconazole 1 and 4, indicated by
asteriks.

All three pesticides affected the eubacterial 16S rRNA community composition
compared to the controls (Fig 2). For all treatments, band richness, of the selected
part of the gel, of the 16S rRNA gene, varied between 22 and 24. In all pesticide
treatments, new DGGE bands appeared, and a few bands increased in intensity.
All the different pesticide treatments, irrespective of concentrations, showed
similar changes in comparison to the controls (Fig 2).
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Figure 2. The DGGE gel picture (right) and illustration of original DGGE banding pattern
(left) of the eubacterial 16S rRNA gene community after 70h incubation. Only a smaller
part of the whole DGGE banding pattern is showed in this illustration. The excluded
DGGE part showed no difference in banding pattern between controls and pesticide
treatments. Each treatment had three replicates but since the replicates showed similar
results, only one replicate is shown for each treatment. All the replicates are illustrated
for the control. For all three pesticide treatments the vertical slots represents (from left to
right) MPC/100, MPC, and MPC*100 concentrations. The last vertical lane for
propiconazole represents the 15 000*MPC concentration. The first and fifth arrows, from
top, indicate new DGGE bands that have appeared in all pesticide treatments and not in
the controls. The other arrows indicate increased intensity of DGGE band for all pesticide
treatments compared to the controls. In the DGGE gel picture the replicates for the
complete glyphosate treatment is shown as well as the lowest concentration of
propiconazole.

The pesticide treatments did not affect the community composition of the
denitrifying bacterial enzyme gene nosZ (Fig 3). The richness of the enzyme
gene nosZ was 7 bands in each lane (Fig 3). No changes between treatments were
observed in band richness, structure or intensity.
Only the fungicide propiconazole, after 70 hours incubation, had a significant
negative effect on the potential denitrification rate (Fig 1). The additional very
high concentration, 15,000 times MPC (p<0.001), and the low concentration,
MPC/100 (p<0.01), of propiconazole had significantly lower rates than the
control. No other treatment differed from the controls (Fig 1).
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Figure 3. The DGGE gel picture (right) and illustration of original DGGE banding pattern
(left) of the denitrifying bacterial enzyme gene nosZ community after 70h incubation. No
difference in the banding pattern was detected when comparing the controls with the
pesticide treatments. Only a smaller part of the whole DGGE banding pattern is showed
for both illustration and DGGE picture. The excluded DGGE part showed no difference
in banding pattern between controls and pesticide treatments. Each treatment had three
replicates but since the replicates showed similar results, only one replicate is shown in
the illustration for each treatment. All the replicates are illustrated for the control. For all
three pesticide treatments the vertical slots represents (from left to right) MPC/100, MPC,
and MPC*100 concentrations. The last vertical lane for propiconazole represents the
15 000*MPC concentration. In the DGGE gel picture the replicates for the complete
glyphosate treatment is shown as well as the lowest concentration of propiconazole.

4. Discussion
Our study suggests that, we cannot exclude that environmentally relevant
concentrations of commonly used pesticides may affect the structure and function
on non-target microbial communities in constructed wetland sediments, although
we could only observe very few direct toxic effects of the pesticides tested in this
study. Only the fungicide propiconazole had an inhibiting effect on
denitrification rates, at the low concentration and the very high concentration
after 70 hours incubation, while the herbicide glyphosate and the insecticide
pirimicarb both had no affect at concentrations at or around the MPC.
Denitrification rate has earlier been shown to be affected by different pesticides
at environmental concentrations in both bacterial community analysis (Pell et al.,
1998) and in single bacterial species tests (Sáez et al., 2006), while others have
failed to detect effects (Widenfalk et al., 2004). The observed lack of
community-level effects on function or activity after exposure to environmental
concentrations of pesticides have been reported elsewhere (Widenfalk et al.,
2008; Van den Brink et al., 2009; Daam et al., 2009), and have been attributed to
the time frames over which activity has been measured. A potential immediate
response of the community may be overcome, and recovery due to adaptations,
community shifts or decreased bioavailability may be rapid. However, in this

study the first measurements of denitrification rates were made after 10 hours
incubation, thus, the probability for recovery after this short time should be low.
Our study indicated that environmental concentrations of pesticides may induce
bacterial community shifts in CW sediments, as observed in other habitats
(Rousseaux et al., 2003; Enwall et al., 2005). The compositions of the eubacterial
16S rRNA gene community differed between the pesticide treatments and
controls, while the composition of the enzyme gene nosZ was similar in all
treatments and controls. The functional redundancy in the bacterial community
may obscure functionally important effects from pesticide exposure on
community composition. Tolerant species may compensate for the loss of
function associated with sensitive ones, thus conserving overall community
function. However, this resilience of the system may be exhausted e.g. after
prolonged, or repeated exposure to different stressors like pesticides, further
reducing the functional diversity. Structural endpoints, describing changes in the
bacterial community composition, may be able to detect these effects.
The observed change in 16S rRNA gene composition in this study was the
appearance of new bands, and an increased intensity of some bands in all the
pesticide treatments, indicating that certain groups of bacteria were stimulated by
pesticide addition. Stimulatory effects on the diversity of bacterial communities
from low concentrations of pollutants have previously been reported (Brandt et
al., 2004; Throbäck et al., 2007; Widenfalk et al., 2008). The intermediate
disturbance hypothesis have been used to explain increased diversity after e.g.
heavy metal contamination (Giller et al., 1998), while increased diversity after
exposure to organic contaminants may also be due to the ability of some bacterial
groups to utilize them as carbon substrates or nutrient sources (Widenfalk et al.,
2008). Thus, the observed changes in PCR-DGGE patterns after pesticide
exposure does not necessarily substantiate toxicity of the compounds, and as we
also failed to detect any dose-response relationships in our pesticide treatments,
these results should be cautiously interpreted as indications of disturbance rather
than toxicity.
We did not observe any pesticide-induced changes in the composition of the
functional enzyme gene nosZ in our study. The compositions were similar to the
controls, even for the very high propiconazole treatment, were we did observe a
significant inhibition of denitrification rates, measured by the production of
dinitrogen gas, the product of the last reduction step, catalyzed by nitrous oxide
reductase encoded by nos. Thus, we could not link the reduced function of the
CW sediment denitrifying bacterial community to any changes in the structure of
the community after 70 hours. However, structural changes cannot be completely
excluded as some of the detected DGGE bands may represent several bacterial
species, thus underestimating the true diversity and obscuring subtle changes, and
as some of the bands may originate from PCR amplification of nonviable cells
still present in the sediment, due to insufficient time for degradation.

Incubation times of 10 and 70 hours for effects on denitrification rates, and 70
hours for effects on eubacterial and denitrifying bacterial community
composition were chosen in our study. A common feature for several microbial
community microcosm experiments with longer incubation times are increasing
stochastic effects associated with community succession (Thirup et al., 2001;
Brandt et al., 2004), which may complicate interpretation, and restrict the ability
of prediction and extrapolation of the toxicity data. Decreasing the incubation
time may reduce the influence of these stochastic effects, however, incubation
time must be sufficient for toxicant-induced community succession to occur, and
for the methods of structural analysis to detect it. In our study only stimulatory,
or no effects, were recorded on the eubacterial and denitrifying bacterial
community structure, new PCR-DGGE bands appeared and some increased in
intensity. The failure to record disappearance of bands after pesticide exposure,
that have been reported in other, longer-term studies (Engelen et al., 1998;
Thirup et al., 2001), may be due to a shorter incubation time used in our study.
In our study we did not record any dose-response relationships between
pesticides and the functional and structural endpoints, similar to other studies
investigating effects of environmental concentrations of contaminants
(Widenfalk et al., 2004; 2008, Van den Brink et al., 2009). The failure of
detecting effects and dose-response relationships will limit the general use of
toxicity information derived from these assays in risk assessments as no effect
concentrations, EC50, LOEC, or NOEC, can be calculated. However, they may
provide site-specific estimates of risks under given environmental conditions, e.g.
risks of environmentally relevant concentrations of pesticides affecting function
of natural microbial communities in constructed wetlands. The results of our
study did not imply any substantial direct effects of the tested pesticides on CW
denitrifying bacterial communities at or around MPCs, that are in the same order
of magnitude, low µg L-1, as maximum concentrations detected in surface waters
in these areas (Kreuger et al., 1999). However, environmental concentrations of
these pesticides at, or exceeding MPCs, set at levels that should protect all
species in an ecosystem (Crommentuijn et al., 2000), may affect the function of
microbial wetland communities indirectly, through trait- or density-mediated
effects on other, more sensitive non-target organisms, e.g. in the macrophyte or
grazer community (Wendt-Rasch et al., 2003).
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Abstract
We compared the sensitivity of two endpoints indicating bacterial activity,
leucine incorporation and potential denitrification, in detecting effects of
fungicides on natural bacterial communities from constructed wetlands. The
effects of eight fungicides (benomyl, carbendazim, carboxin, captan,
cycloheximide, fenpropimorph, propiconazole and thiram), two bactericides
(bronopol and chlortetracycline) as controls, and one reference compound (3,5dichlorophenol), in the concentration ranges 0.005-75, 0.010-100 or 0.025-250
mg l-1, were tested in a water-sediment, microcosm set-up. Leucine incorporation
was measured in both the water and sediment column, while potential
denitrification was measured for the entire microcosm. With one exception, the
bactericides and the reference compound all gave sigmoid concentrationresponse curves on both endpoints. The fungicides thiram, captan and benomyl,
and to a lesser extent fenpropimorph and propiconazole had quantifiable toxic
effects on leucine incorporation, while carbendazim, carboxin and cycloheximide
had little effect at the investigated concentrations. Only thiram and captan
inhibited potential denitrification, the other fungicides showed no quantifiable
effect. Additionally, a higher toxic effect on leucine incorporation was recorded
for bacterial communities associated with the water column compared to the
sediment column for all tested compounds. Thus, leucine incorporation was a
more sensitive method for toxicity assessment of bacterial communities, and also
allowed for a rapid and simple way of comparing exposure in the sediment and
water column, making it an attractive standard method for community based
toxicological assays in aquatic environments.

1. Introduction
During the last decade, increased attention has been directed towards the
usefulness of wetlands for ameliorating several environmental problems of
concern, e.g. pollution of aquatic environments and decreased biodiversity in the
agricultural landscape (Lovely, 2003, Biggs et al., 2005; Thiere et al., in press).
One particular area of interest is their capacity for reducing downstream nutrient
transport from agricultural land to coastal areas and oceans, where nitrogen
pollution has been of special concern (Stadmark and Leonardsson, 2005).
Consequently, large-scale programmes for restoring and recreating wetlands in
agricultural areas have been initiated in e.g. Sweden and North America to
reduce nitrogen transport (Swedish Board of Agriculture, 2000; Farm Service
Agency, 2004). Bacterial communities, responsible for the bulk of the organic
matter transformation and nutrient recycling in aquatic environments, are
considered as key players in the nitrogen removal processes in wetlands. In areas
of intensive agriculture, aquatic environments are, however, also exposed to
agricultural pesticides, which are regularly detected in surface waters in these
areas (Kreuger et al., 1999; Haarstad and Braskerud, 2005). Although many
pesticides have designated target organisms, due to specific modes of action, they
may have more general toxic effects on non-target organisms, including
microorganisms (Pell et al., 1998; Johnsen et al., 2001; DeLorenzo et al., 2001).
If wetland bacterial communities are affected by pesticides, the removal of
nutrients may be altered and, thus, wetland function may be impaired. Thus,
proper environmental risk assessments of agricultural pesticides in surrounding
aquatic environments should include studies of bacterial community responses. It
is therefore of importance that direct and sensitive methods for toxicity
assessment of potential pesticide effects on bacterial communities are evaluated
and made available for routine analysis.
Although still not routinely performed, microbial toxicity testing on a community
level provides an attractive alternative to single-species microbial toxicity tests
and the advantages of testing natural assemblages of microorganisms in
microcosm experiments has been advocated (Brandt et al., 2004; Petersen et al;
2004; Sundbäck et al., 2007; Widenfalk et al., 2008). However, there are several
unresolved issues, of both scientific and practical nature, regarding choice of
endpoints and experimental design. Structural endpoints using modern
techniques (e.g. DNA fingerprinting approaches) may be more sensitive than
functional endpoints, as the latter may fail to detect changes in composition due
to the inherent functional redundancy of the bacterial community. However,
structural changes does not imply whether a chemical is toxic or not, and data
interpretation of structural changes in community level tests is not always
straight forward. Hence, extrapolation to natural environments is uncertain and
the predictive ability may be compromised. Also, these methods are both costly
and time-consuming compared to some functional endpoints. Previous studies
investigating environmentally relevant concentrations have sometimes failed to

detect concentration-response relationships (Widenfalk et al., 2004, 2008; Van
den Brink et al., 2009). It has been argued that concentration-response
relationships of pesticides exposure, including high concentrations, on bacterial
communities have little environmental relevancy (Widenfalk et al., 2004), and
are therefore often disregarded. However, to compare and evaluate different
toxicity assays using only few concentrations of a pesticide is difficult due to the
failure of detecting a toxic effect, and, deriving clear concentration-response
relationships would also avoid spurious negative effects. Also, concentrationresponse studies can provide understanding of the toxic mechanism on the nontarget organisms and enable general predictions or extrapolations to natural
environments, and to determine accurate effect concentrations (EC) of pesticides
on non-target organisms, a concentration-response dilution series is of
fundamental importance (Schweiger and Jakobsen, 1998; De Zwart and
Posthuma, 2005; Rousk et al., 2008). Thus, suitable endpoint measurements
should not only be sensitive in detecting toxic effects from pesticide exposure,
but also allow for extensive replication in order to achieve proper concentrationresponse curves.
The nitrogen removal in agricultural wetlands is dependent on the denitrification
rate, the transformation of nitrate to dinitrogen gas, mainly performed by the
denitrifying bacterial community in the sediment/water interface (Seitzinger et
al., 2006; Wallenstein et al., 2006). A relevant test system for pesticide toxicity
assessment in wetlands would, thus, be natural sediment assemblages measuring
potential denitrification as an endpoint. Denitrification has earlier been evaluated
as an endpoint of intermediate sensitivity to toxic compounds (Domsch et al.,
1983) but has later been suggested as a valuable method for toxicity screening
(Pell et al., 1998; Kreuger et al., 1999). However, it is possible that over shortterm, community denitrification, similar to respiration, will be insensitive to toxic
compounds (Broos et al., 2005), partly because it is a common trait among
bacteria, but also due to bacteriostatic conditions, when bacterial function will
proceed even though bacterial growth may be inhibited (Rousk et al., 2008).
These obstacles could be over-come if growth is directly measured. Leucine
incorporation, which measures a proxy of bacterial growth, has earlier been
shown to be a sensitive, and also cost- and time-efficient, method to detect toxic
effects in natural environments. Although less commonly used than bacterial
respiration and/or biomass, the leucine incorporation has been successfully
employed to assess effects of heavy metals (Díaz-Raviña and Bååth, 2001; Shi et
al., 2002; Almeida et al., 2007), surfactants (Brandt et al., 2004), phenols (Aldén
Demoling and Bååth, 2008), antifouling biocides (Petersen et al., 2004) and
antibiotics (Rousk et al., 2008). Leucine incorporation also has the advantage of
being easily measured in different matrixes e.g. soil, sediment and water
(Kirchman et al., 1985; Bååth, 1994; Fischer and Pusch, 1999; Kirschner and
Velimirov, 1999).
The aim of the present study was to evaluate the potential of microbial
community level test systems, to assess toxicity of pesticides in wetland systems.

We assessed the sensitivity of the functional endpoints potential denitrification
and leucine incorporation in detecting pesticide toxicity on natural wetland
bacterial communities in sediment/water microcosms. We tested eight different
fungicides, including also two bacterial antibiotics and a reference compound,
3,5-dichlorophenol under 18h of incubation of the microcosms. Concentrationresponse relationships were tested for all substances, and toxicity was also
compared between the sediment and the water matrix using the leucine
incorporation method.

2. Materials and methods
2.1. Wetland sediment
Sediment and surface water were collected from a constructed wetland in Frihult,
in the south of Sweden (55°33′N, 13°39′E) in June 2008. The wetland has an area
of 2800 m2 has a mean depth of < 1.0m. Surface water temperature at the time of
sampling was 21°C and pH was 9.1. The wetland is > 60 yrs old and is situated in
an agricultural landscape. The agricultural fields are organically farmed, hence
no pesticides have been applied since 2001.
The sediment was collected with pre-washed polyethylene core samplers, 10 cm
in diameter and a height of 60 cm. Sediment cores, 10-25 cm from the sediment
surface, plus 5 cm overlaying water, was collected from sites in the centre of the
wetland. Additionally, wetland surface water was collected. Upon arrival to the
laboratory, the sediment was sieved through a 1 mm mesh to remove large
materials, and the water was filtered through 1.2 µm glass fibre filters (GF/C,
Whatman, England). Water content of the sediment was determined to 81.7 ±
0.1% (n=5, 105°C, over night) and organic matter content, measured as loss on
ignition, was 29.6 ± 0.2% (n=4, 550°C for 2 h). The sediment and water were
kept dark at 4°C until onset of the microcosm experiments.
2.2. Pesticides
Eight fungicides (benomyl, carbendazim, carboxin, captan, cycloheximide,
fenpropimorph, propiconazole and thiram, Ehrenstorfer Reference standards,
determined purity ≥ 97%), two bactericides (bronopol and chlortetracycline) as
controls, and 3,5-dichlorophenol (Sigma-Aldrich) as reference compound were
used. The fungicides were chosen because they are or have been used world wide
and represent different modes of action.
Different concentration ranges of each compound were selected based on water
solubility (Table 1) of the compounds. The bactericide bronopol was analysed at
two separate times and concentration ranges (bronopol I and II) to test if repeated

measures would reproduce similar results. A lower dilution series, 0.005-75 mg l1
was used for propiconazole and bronopol I, an intermediate, 0.010-100 mg l-1
for benomyl, carbendazim, captan, fenpropimorph and thiram, and a higher,
0.025-250 mg l-1 for bronopol II, carboxin, cycloheximide, chlortetracycline and
3,5-dichlorophenol. Stock solutions of all pesticides were prepared in
dimethylsulfoxide (DMSO), resulting in final microcosm concentrations of 0.1
%, earlier shown to have no effect on bacteria (Kahru et al., 1996; Widenfalk et
al., 2008).
Table 1. Properties of the tested pesticides.
-1

Pesticide

Cas number

Classification

log Kow

Benomyl

17804-35-2

fungicide

2.42

a

3.8 at 25°C

a

Carbendazim

10605-21-7

fungicide

1.56

a

8.0 at 25°C

a

170 at 25°C
8.7 at 25°C

Carboxin

5234-68-4

fungicide

2.18

a

Captan

133-06-2

fungicide

2.35

a

Water solubility (mg l )

a

a

c

-1

21g l at 2°C

Cycloheximide

66-81-9

fungicide

0.55

Fenpropimorph

67564-91-4

fungicide

4.20

a

4.3 at 20°C

Propiconazole

60207-90-1

fungicide

3.50

a

110 at 20°C

a

17.4 at 22°C

Thiram

137-26-8

fungicide

1.73

Bronopol

52-51-7

bactericide

−0.64

c
c

Chlortetracycline

57-62-5

bactericide

−0.62

3,5-dichlorophenol

591-35-5

reference
compound

3.62

c

c

b
a
a

-1

250 g l at 22°C
630 at 25°C

c

c

5380 at 25°C

c

a=Mackay et al., 2006
b=Tadeo et al., 2007
c=National Library of Medicine, US, ChemlDplus, 2003

2.3. Experimental setup
The microcosms consisted of 12 ml glass vials, filled with 1.2 ± 0.1 g wet weight
of sediment, representing the sediment column. Before the sediment was added it
was homogenized by gentle stirring. Then 8 ml of filtered wetland water,
containing the respective pesticide, was added, representing the water column. A
head space of 3 ml was left in each microcosm. The nominal pesticide
concentrations were calculated as: nominal pesticide concentration in microcosm
= diluted stock solution concentration / (added volume water + added volume
sediment). Controls with and without DMSO (n = 3, for each control) were
prepared for all pesticides. All microcosms were vigorously shaken twice for 30 s
and then bubbled with nitrogen gas for 5 min to generate an anaerobic
environment resembling natural wetland conditions.

Two separate sets of microcosms were prepared with a pesticide dilution series of
13 concentrations: one set for the leucine incorporation assay and one set for the
potential denitrification assay. Measurements of leucine incorporation were
performed on both the water and the sediment column, which will hereafter be
referred to as leucine-water and leucine-sediment. Measurements of the potential
denitrification assay did not separate between the two columns and represent
both the water and sediment column. The microcosms were shaken once during
the 18 h of incubation time, and kept dark during the whole incubation at room
temperature (21°C) before analysis.
2.4. Leucine incorporation
We measured leucine incorporation (indicating bacterial growth) according to
Smith and Azam (1992) with some modifications used for soil bacteria (Bååth et
al., 2001). Before analysis, water and sediment columns were separated. A 1.5 ml
water sample was taken at a predetermined depth of 5 cm from the top of the
microcosm and transferred into a 2 ml microcentrifuge vial (used for leucinewater). The remaining water column in the microcosm was discharged. The
sediment was then shaken with 20 ml distilled water in 50 ml centrifuge tubes for
3 min on a vortex at full speed, followed by low-speed centrifugation (1000 g for
8 min). Thereafter 1.5 ml of the supernatant was taken from a predetermined
depth of 7 cm from the top of the centrifuge tube and put into a 2 ml
microcentrifuge vial (used for leucine-sediment).
To the 1.5 ml bacterial suspensions 2 µl [3H]leucine (37 MBq ml-1. 5.74 TBq
mmol-1, Amersham) was added together with non-labelled leucine, resulting in
275 nM leucine in the bacterial suspension. The samples were incubated for 1 h
at room temperature (21°C). Then 75 µl ice-cold 100% trichloroacetic acid
(TCA) was added to stop bacterial growth. Washing and subsequent
measurement of incorporated radioactivity were performed as described by Bååth
et al. (2001).
2.5. Potential denitrification
We used the acetylene inhibition method to measure potential denitrification
(Knowles, 1982; Bernot et al., 2003) in our microcosms. We added a nutrient
solution, with nitrogen (N) as KNO3 and carbon (C) as CH3COONa, to achieve a
1:5 ratio of N:C (Ingersoll and Baker, 1998; Xia et al., 2008). The amount of N
required to avoid nutrient limitation of the denitrifying community in the 12 ml
microcosms during incubation was estimated to 3 mg l-1 (S. Milenkovski,
unpublished data). After 18 hrs incubation of the microcosms, acetylene gas was
first bubbled through concentrated sulphur acid and distilled water, with two
empty bottles between the solutions, to remove acetone. Then the nutrient
solution was bubbled with acetylene (C2H2) gas for 10 min, and 1 ml of the
acetylene saturated nutrient solution was added to each microcosms. Acetylene

inhibits the last step in the denitrification pathway (nitrous oxide to nitrogen gas),
resulting in nitrous oxide (N2O) as the final step. Measurements of produced N2O
indicating potential denitrification were performed at 1 h and 6 hrs after adding
nutrients. Before measurements the microcosms were shaken for 1 min and
thereafter 0.5 ml gas sample was taken with a syringe and analysed on a GC
(Varian GC 3400 with an electron capture detector). Standards with fixed N2O
amounts were used to calculate the amount of N2O in each microcosm.
2.6 Statistical analysis
To assess the toxic effect of pesticides we calculated the logarithm of the
concentrations resulting in 50% and 10% inhibitory effect of the bacterial
community (EC50 and EC10 indicating standardized toxicity and threshold
toxicity, respectively). The log EC50 and log EC10 values were calculated using
the logistic model Y = c/[1 + eb(X-a)], where Y is the leucine incorporation rate or
the N2O production rate, X the logarithm of toxicant concentration, a the log
EC50, c the rate in the control, and b a slope parameter indicating the inhibition
rate. The program Statistica® (StatSoft, Tulsa, OK, USA) was used to fit the data
using nonlinear regression. To analyse reproducibility, we conducted a paired ttest to compare the mean values of the two separate tests of bronopol I and II. To
analyse if the pesticides log Kow and water solubility values may be used to
predict the effects on bacterial communities in the water and sediment column,
respectively, a simple regression was used to find possible linear relationships
between the ratio of leucine-water (EC50) and leucine-sediment (EC50) with each
pesticide property.

3. Results
Leucine incorporation rates or potential denitrification rates did not differ
between the controls with and without DMSO. The mean and the standard
deviation values of the controls without and with DMSO were, 1.8 ± 3.6, and 1.7
± 3.4 mol N2O/h in the potential denitrification assay, 106000 ± 27000, and
92000 ± 27000 dpm in the leucine-water assay, and 21000 ± 6000, and 23000 ±
13000 dpm in the leucine-sediment assay, respectively. Control data were
pooled, and standard errors indicated in Fig. 1 are based on 6 control
microcosms. The bactericide bronopol was tested twice at separate occasions
using different concentration ranges (Bronopol I and II) with no significant
differences (Paired t-tests, p > 0.1) in EC50-values between the assays with any of
the endpoints used (Table 2). Hereafter, we will only refer to results based on
bronopol II. The EC50 values, in the results and discussion, hereafter represents
the mean values from the calculated nonlinear regressions curves.
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Figure 1. Concentration-response relationships of the studied pesticides on the activity of
the aquatic bacterial communities. Leucine-water and leucine-sediment indicates toxicity
measured using leucine incorporation in water and sediment, respectively, while

denitrification denotes toxicity measured using potential denitrification in the whole
microcosm including both water and sediment. The error bars from left to right
correspond to SE for controls of leucine-water (filled dots), leucine-sediment (open dots)
and potential denitrification (filled triangles) (n=6). Lack of fitted line indicates no
concentration-response effect.

The bactericides included as positive controls showed clear concentrationresponse curves for all three assays using bronopol (Fig. 1J) and for leucinewater and leucine-sediment using chlortetracycline (Fig. 1K). Concentrationresponse curves for all three assays were also obtained for the tests with the
reference compound 3,5-dichlorophenol (Fig. 1I). The bactericides and the
reference compound gave similar results, having the largest effect in the leucinewater assay, followed by the leucine-sediment assay, and the least effect on
potential denitrification (Table 2). Bronopol had the lowest EC50 for the leucinewater assay, 1.18 mg l-1, followed by the leucine-sediment assay, 8.6 mg l-1, and
EC50 on potential denitrification was highest 32.6 mg l-1 (Table 2).
Chlortetracycline was less toxic with EC50 values of 55.2 mg l-1 in the leucinewater assay, 68.1 mg l-1 in the leucine-sediment assay, and no quantifiable effect
on potential denitrification (Table 2). The reference compound, 3,5dichlorophenol had an EC50 value of 11.9 mg l-1 in the leucine-water assay, 37.7
mg l-1 in the leucine-sediment assay, and 34.8 mg l-1 on potential denitrification
(Table 2).
The fungicides thiram, captan and benomyl strongly inhibited leucine
incorporation both in the water and in the sediment column. EC50 values of the
three fungicides were 3.4, 7.6 and 14.6 mg l-1 in the leucine-water assay, and
12.0, 8.6 and 50.3 mg l-1 in the leucine-sediment assay. Fenpropimorph and
propiconazole had moderate inhibitory effects, only were detected in the leucinewater assay (EC50 values of 57.5 mg l-1 and 71.7 mg l-1, respectively).
Carbendazim, carboxin and cycloheximide had little effect in the leucine-water or
leucine-sediment assays with EC50 values >100 mg l-1 (Table 2, Fig. 1). In all
leucine incorporation assays the toxicity was higher in the water phase than in the
sediment, with consistently lower EC50 values in the leucine-water assays
compared to the leucine-sediment assays. Ratios of EC50 values for leucine-water
(EC50) and leucine-sediment (EC50) varied between 0.11 and 0.94. The ratios
were not related to the log Kow or the water solubility of the tested compounds
(Simple regression, p>0.5).

Table 2. Toxicity assessments by three separate assays. Leucine-water and leucinesediment indicates toxicity measured using leucine incorporation in water and sediment,
respectively, while denitrification denotes toxicity measured using potential
denitrification in the whole microcosm including both water and sediment. r2 indicates
the fit of the logistic equation used to calculate EC50 and EC10. The range of EC50 ± SE is
given within parenthesis.
-1

-1

2

Pesticid
Thiram

Phase
Leucin water
Leucin sediment
Denitrification

EC50 ± SE (mg l )
3.4 (3.2-3.7)
12.0 (10.3-14.0)
11.8 (9.3-14.9)

EC10 (mg l )
1,4
4,4
3,4

r
0,99
0,95
0,91

Captan

Leucin water
Leucin sediment
Denitrification

7.6 (6.6-8.7)
8.6 (7.1-10.4)
12.2 (9.7-15.4)

3,8
2,0
2,0

0,94
0,95
0,92

Benomyl

Leucin water
Leucin sediment
Denitrification

14.6 (12.9-16.5)
50.3 (39.9-63.5)
>100

1,8
13,5

0,98
0,78

Fenpropimorph

Leucin water
Leucin sediment
Denitrification

57.5 (49.2-67.2)
>100
>100

11,0

0,90

Propiconazole

Leucin water
Leucin sediment
Denitrification

71.7 (42.0-122.1)
>100
>100

10,0

0,48

Carbendazim

Leucin water
Leucin sediment
Denitrification

>100
>100
>100

Carboxin

Leucin water
Leucin sediment
Denitrification

>100
>100
>100

Cycloheximide

Leucin water
Leucin sediment
Denitrification

>100
>100
>100

Bronopol I

Leucin water
Leucin sediment
Denitrification

0.59 (0.48-0.72)
11.9 (9.2-15.3)
39.2 (26.0-59.2)

0,2
1,4
13,2

0,95
0,90
0,54

Bronopol II

Leucin water
Leucin sediment
Denitrification

1.18 (1.00-1.38)
8.6 (6.6-11.1)
32.6 (27.1-39.1)

0,2
1,2
6,7

0,97
0,94
0,93

Chlortetracycline

Leucin water
Leucin sediment
Denitrification

55.2 (46.2-65.9)
68.1 (61.9-74.9)
>100

2,9
8,8

0,96
0,98

3,5-dichlorophenol

Leucin water
Leucin sediment
Denitrification

11.9 (10.7-13.4)
37.7 (34.2-41.4)
34.8 (28.1-43.1)

3,9
21,9
5,4

0,98
0,96
0,92

Only two of the fungicides, thiram and captan, strongly inhibited potential
denitrification, with EC50 values of 11.8 mg l-1 and 12.2 mg l-1, respectively. The
other six fungicides had little or no detectable effect on potential denitrification
in the concentration ranges used, with EC50 values >100 mg l-1 (Table 2). Thus,
the toxic effect in the potential denitrification assays was always less than, or
similar to, that in the leucine incorporation assays, irrespective whether the latter
was measured in the sediment or in the water phase of the microcosms.

4. Discussion
The importance of assessing functional bacterial groups, especially the nitrogen
transforming bacterial communities, in toxicity testing has previously been
emphasized (Pell et al., 1998; Kreuger et al., 1999; Johnsen et al., 2001; Petersen
et al., 2004; Larson et al., 2007). Authorities controlling pesticide registration
have also required assessments over effects of pesticides on functional bacterial
groups for pesticide approval. Our study showed, however, that leucine
incorporation was a more sensitive method than potential denitrification in
detecting effects of pesticides on constructed wetland bacterial communities. The
leucine incorporation assay detected toxic effects for a higher number of
fungicides, and produced lower EC50-values for the tested compounds than the
potential denitrification assay, irrespective of being measured in the water or the
sediment column in the microcosms. Leucine incorporation has previous been
shown to be a more sensitive method than respiration measurements in arable
soil, even when respiration was measured after adding substrate (Rousk et al.,
2008). Thus, leucine incorporation seems to be more sensitive than both potential
denitrification and respiration, two methods that are often applied in
environmental toxicological tests (Pell et al., 1998; Bailey et al., 2003; Sáez et
al., 2006), although, leucine incorporation being less sensitive than other
endpoints have also been reported (Petersen et al., 2004; Sundbäck et al., 2007).
Given that leucine incorporation is a rapid and easily standardized method, ours
and added results suggest that measurement of bacterial growth using leucine
incorporation should be an attractive standard endpoint to assess toxicity of
pesticides both in soil and aquatic systems using natural microbial communities.
The reference compound 3,5-dichlorophenol had an EC50 value of 11.9 mg l-1 for
the leucine-water assay, fulfilling the criteria in the ISO standard of an EC50
between 4 and 12 mg l-1 (ISO 15522), albeit in the higher end of the range. For
the leucine-sediment assay and the potential denitrification assay, EC50 values
were higher (>30 mg l-1) than the ISO criterion. However, our microcosm test
systems consisted of natural, environmental samples containing high amounts of
organic matter, especially the sediment. Such samples may not be directly
comparable to pure culture systems, where the ISO standard most often is used,
or to extracted bacteria without the natural matrixes (Christensen et al., 2006).
The EC50–values derived for bronopol did not differ between the two tests

differing in dates and concentration ranges used, and the variation in controls
were low. Thus, it seems possible to obtain reproducibility and repeatability in
these microcosm systems, using natural wetland bacterial communities with
functional endpoints, particularly by using the leucine incorporation technique.
For compounds inducing toxic effects in the concentration ranges tested, EC50
values could successfully be derived from a logistic model with high degree of
explanation, r2 was generally in the range of 0.80 - 0.99. Thus, concentrations
replicates are probably not required for these test systems, which will facilitate
range finding in the toxicity testing procedure. Stochastic effects involved in the
succession of natural microbial communities may reduce the ability to perform
controlled, replicated toxicity tests, especially in longer-term tests (Brandt et al.,
2004; Widenfalk et al., 2008). In this study, the analysis of our microcosm
systems did not seem to suffer greatly from stochastic effects during this
relatively shorter test-duration, so this problem may be avoided using these
methods.
Generally, a close correlation is expected between bacterial growth and activity,
measured as respiration (during aerobic conditions) and denitrification (during
anaerobic conditions) (Miller et al., 2008). However, no apparent correlation is
found in shorter-term assays, measuring endpoints within a short period of time
(< 30 h) after adding toxicants (present study, Rousk et al., 2008), indicating an
uncoupling between growth and activity during this time. This phenomenon has
also been observed earlier during short term incubations at high temperatures
(Pietikäinen et al., 2005). The most likely mechanism is that respiration and
potential denitrification will proceed also under situations of no growth, due to
the enzymes still being active, or to the toxicant having a bacteriostatic rather
than a bacteriocidal effect (Welp and Brümmer, 1997; Loffhagen et al., 2003).
The latter means that the bacteria will still metabolize, but growth will be
restricted. Another explanation could be that the functional redundancy of the
denitrifying bacterial community supports an unchanged function even though
parts of the community may be inhibited or killed (Girvan et al., 2005). For the
purpose of exploring the mechanisms of functional redundancy, complementary
toxicity tests with structural endpoints would be to recommend. However, the
shorter incubation time used here to avoid stochastic effects may be rather short
to detect changes in structural endpoints. Thus, assessment of bacterial growth
(leucine incorporation) will always be an equally, or more sensitive endpoint
than methods based on general process measures, like respiration and potential
denitrification, although a possible functional redundancy of bacteria may lend
support to a combination of structural and functional endpoints in assessments.
Previous studies have assessed toxicity on bacterial communities from sediment
samples Widenfalk et al., 2004), soils (see review by Johnsen et al., 2001),
activated sludge (Christensen et al., 2006), and pure cultures (Christensen et al.,
2006; Park and Choi, 2008), while toxicity studies on bacterial communities in
water samples are less common (Maraldo and Dahllöf, 2004), and few have

measured toxicity by simultaneously using the same methodology in both water
and sediment (Mankiewicz-Boczek et al., 2008). Furthermore, ambient pesticide
concentrations in aquatic systems are most often reported on surface water
samples, while studies of pesticide concentration in the sediment are scarce
(Warren et al., 2003). As a result, there is some inconsistency in which methods
to use and which matrix to analyse when performing toxicity assessment on
bacterial communities in aquatic habitats. Our result imply that consideration
should be made regarding choosing the most sensitive group of organism in the
ecosystem, but also regarding the most sensitive method and which matrix to test
in toxicity assessments. Structural bacterial endpoints using molecular
fingerprinting have been shown useful and in some cases more sensitive than
leucine incorporation in assessing toxicity (Brandt et al., 2004). However, it
cannot be distinguished whether structural endpoints reflect changes due to direct
toxic effects or if they reflect differences in growth of bacterial groups with
differing ability to degrade the tested compound. The leucine incorporation
technique has the advantage of being a direct method that measures integrated
toxic effects. Thus, leucine incorporation, which appears to work equally well
under aerobic and anaerobic conditions (Bastviken and Tranvik, 2001) may be
used to directly assess toxicity on bacterial communities in both the water
column and the sediment matrix in aquatic environments such as wetlands.
Our study suggests that the added pesticides were more toxic to the bacterial
community in the water column than in the sediment column. One explanation
may be that the tested pesticides in general were less bioavailable to the bacterial
communities in the sediment column due to association with organic matter in
the sediment (Welp and Brümmer, 1999), although we found no correlation
between neither the log Kow, nor the water solubility of compounds, and the ratio
between EC50-values in water and sediment. Hence, lipophilicity or
hydrophibicity of a substance could not be directly used to predict differences in
toxicity. However, more studies using toxicants with a wider range of Kow and
water solubility and chemical analysis of the partitioning between the two phases
are needed to test whether the differences in toxicity are due to bioavailability or
differences in sensitivity between water-, and sediment-associated bacterial
communities.
By using the leucine incorporation we detected a strong inhibitory effect after
exposure to three fungicides, thiram, captan and benomyl, while fenpropimorph
and propiconazole only showed minor inhibitory effects. The other fungicides
did not have any detectable effect on the bacterial community at the tested
concentrations. Leucine incorporation was also used by Rousk et al. (2008), who
studied three of the fungicides used in the present study, recording the same
relative toxicity on soil microorganisms as on leucine-sediment assay, being
highest for captan, followed by benomyl and with negligible effects of
cycloheximide. Inhibitory effects of captan on leucine incorporation in
freshwater sediment were also found by Widenfalk et al. (2004), although only at

intermediate concentrations (that is, no concentration-response effect), and in a
later study no effect of captan on leucine incorporation was found (Widenfalk et
al., 2008). Thus, the risk of failing to detect toxic effects on bacterial
communities increases, by using few, environmental concentrations of the tested
pesticides. Therefore, concentration-response studies are better suited for general
toxicity assessments than using environmental concentrations. Unexpectedly,
thiram and captan had lower EC50 values than both the bactericide
chlortetracycline and the reference compound, 3,5-dichlorophenol. This suggests
that these two fungicides have stronger inhibitory effects on non-target bacterial
organisms than the bactericide on its target organisms. Effects on non-target
organisms from fungicide exposure have been detected in previous studies
(Schmidt et al., 2000). Thiram and captan have been found to have stronger
inhibitory effects on bacteria when compared to benomyl and carboxin (Cameron
and Julian, 1984), corroborating our results. These two fungicides, thus, are
hazardous to bacterial communities and may constitute a risk since they are
commonly used worldwide with a broad application field (Chen et al., 2001;
Ekundayo, 2002). Interestingly, the most toxic fungicides to bacteria detected in
this study, thiram, captan and benomyl, are prohibited from agricultural use in
Sweden as they are thought to have an excessively high risk of general toxicity.
However, their high EC50 and EC10 values derived in this study, suggest only
minor environmental risks towards constructed wetland bacterial communities.
All the tested fungicides in the present study represent active ingredients (a.i.),
included in commercially used pesticide mixtures with different concentration
fractions. The recommended application dose on agricultural fields of an a.i.
determined by the authorities are much lower than the dose required to reach the
concentrations of the calculated EC10 values of the fungicides in the present
study. Thus, by following the recommended a.i. application, the fungicides tested
in present study should constitute minor risks for the natural non-target bacterial
communities in aquatic environments.
In conclusion, our study showed that leucine incorporation was more sensitive in
detecting toxic effects from pesticides on bacterial communities than potential
denitrification. In addition, this study showed higher toxicities to bacterial
communities in the microcosm water column than in the sediment column. Our
study suggests that sediment-water microcosms with leucine incorporation, as a
bacterial community endpoint, is a rapid, relevant and sensitive method to detect
toxicity to microbial communities in aquatic systems. Leucine incorporation
could be used as endpoint in both water and sediment assays, allowing for
simple, rapid and low-cost test-systems comparing effects in different habitats of
wetland ecosystems.
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